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• Impacts of various classes of atmo-
spheric species on phytoplankton were
reviewed.

• Marine ecosystems received greater
attention than freshwater ecosystems.

• Atmospheric deposition to surface wa-
ters exerts different effects on
phytoplankton.

• Positive effects on phytoplankton re-
ported for N, P, and Fe.

• Toxic effects on phytoplankton by other
trace metals (Cu, Al, and Zn).
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A B S T R A C T

In many rapidly urbanizing and industrializing countries, atmospheric pollution causes severe environmental
problems and compromises the health of humans and ecosystems. Atmospheric emissions, which encompass
gases and particulate matter, can be transported back to the earth’s surface through atmospheric deposition.
Atmospheric deposition supplies chemical species that can serve as nutrients and/or toxins to aquatic ecosys-
tems, resulting in wide-ranging responses of aquatic organisms. Among the aquatic organisms, phytoplankton is
the basis of the aquatic food web and is a key player in global primary production. Atmospheric deposition alters
nutrient availability and thus influences phytoplankton species abundance and composition. This review pro-
vides a comprehensive overview of the physiological responses of phytoplankton resulting from the atmospheric
deposition of trace metals, nitrogen-containing compounds, phosphorus-containing compounds, and sulfur-
containing compounds in particulate matter into aquatic ecosystems. Knowledge gaps and critical areas for
future studies are also discussed.
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1. Introduction

Air pollution is known to have adverse effects on human and
ecosystem health. Air pollutants are a complex mixture of gases and
particulate matter (PM) that constantly interact with each other and
other atmospheric constituents (Seinfeld and Pandis, 2016). Common
gas-phase air pollutants include nitrogen oxides (NOx), sulfur dioxide
(SO2), carbon monoxide (CO), ammonia (NH3), volatile organic com-
pounds (VOCs), and ozone (O3). PM, defined as solid particles or liquid
droplets suspended in the air, are emitted directly into the atmosphere
or formed through complex atmospheric chemical reactions. The PM
composition comprises nitrate (NO3

− ), sulfate (SO4
2− ), ammonium

(NH4
+), trace metals, as well as elemental and organic forms of carbon

(C) (Fuzzi et al., 2015).
Atmospheric deposition is the primary process through which at-

mospheric gases and PM enter aquatic ecosystems (e.g., lakes, rivers,
and oceans). Although atmospheric deposition introduces a variety of
essential nutrients into aquatic ecosystems, it also poses a major threat
to these ecosystems since it can cause acidification, eutrophication, and
bioaccumulation of toxic substances (Greaver et al., 2012; Grennfelt and
Hultberg, 1986). The volume and composition of chemical species
deposited determine whether their effects on the aquatic ecosystem will
be beneficial or detrimental. The toxic potential of the deposited
chemical species is governed by its properties, including its inherent
toxicity, environmental persistence, interaction with other chemical
species, bioaccumulation, and transformation after its deposition into
water (Swackhamer et al., 2004). On the other hand, the nutritional role
of a chemical species is determined by the nutrient limitation conditions
and demand of the aquatic ecosystem (Thomas and Cebrian, 2008).

The monitoring of air pollutant emissions, concentrations in ambient
air, and deposition are typically performed separately from the moni-
toring of the health of aquatic ecosystems. This has led to gaps in our
understanding on how the deposition of air pollutants affects aquatic
ecosystems. Establishing stronger links between atmospheric deposition
and its effects on aquatic ecosystems can help fill these knowledge gaps
(Wright et al., 2018). This can be achieved by investigating the impacts
of atmospheric deposition on bioindicators. Bioindicators are organisms,
species, or biological communities that are used to assess the quality of
the environment based on their presence, abundance, and physical
conditions in natural ecosystems or through toxicity testing in the lab-
oratory (Da Silva Souza et al., 2014). Phytoplankton is a ubiquitous
bioindicator that is commonly used to provide insights into the impacts
of pollutants and nutrients in aquatic ecosystems (Zaghloul et al., 2020).
Phytoplankton are photosynthetic, microscopic plants that form the
basis of the aquatic food chain. Phytoplankton communities are highly
diverse and include tens of thousands of species. They are responsible for
most of the Earth’s primary productivity and rely on nutrients in open
waters to survive (Maberly et al., 2022). The nutrients in the shortest
supply relative to cellular requirements limit primary productivity in the
aquatic ecosystem. Nutrients such as nitrogen (N) and phosphorus (P)
are typically recognized as growth-limiting nutrients in aquatic eco-
systems (Mahowald et al., 2018; Rabalais, 2002). However, when these
nutrients are in excess, phytoplankton biomass and productivity may
change to the point where they have a variety of ecological conse-
quences. Phytoplankton communities respond to changes in nutrient
levels by adjusting species composition, either decreasing the abun-
dance of sensitive taxa or increasing the abundance of tolerant taxa
(Carstensen and Heiskanen, 2007). Their ability to respond to changes in
nutrients (and toxins) make phytoplankton a good bioindicator for in-
vestigations of the impacts of atmospheric deposition on the health and
productivity of the aquatic ecosystem.

Atmospheric deposition introduces a variety of chemical species into
aquatic ecosystems. The introduction of these chemical species will
impact biogeochemical cycles and alter the primary productivity of
aquatic ecosystems. While there have been previous reviews on the
impacts of atmospheric deposition on phytoplankton, they tend to focus

on specific topics and/or a single class of chemical species. For instance,
Hessen (2013) focused on the effects of inorganic N deposition on the
productivity of phytoplankton in lakes. Mahowald et al. (2018) focused
on PM metal deposition and its short-term impacts on marine biota,
while Yang et al. (2019) examined the effects of PM copper (Cu) on
marine phytoplankton. A recent review by Zak et al. (2021) summarized
the direct and indirect ecotoxicological effects of SO4

2− on freshwater
aquatic organisms. While some reviews have collectively focused on the
impacts of two or more classes of compounds (e.g., N, P, and iron (Fe))
on marine productivity (Jickells and Moore, 2015; Kanakidou et al.,
2018), they did not consider the roles and impacts of other ubiquitous
atmospheric chemical species, such as other trace metals, and S-con-
taining compounds on phytoplankton. Moreover, those reviews focused
mainly on the biogeochemical cycling of the atmospheric chemical
species, instead of the physiological responses underlying their nutri-
tional and/or toxic effects on phytoplankton.

This review aims to provide a comprehensive summary of the
depositional effects of different ubiquitous atmospheric PM chemical
species (trace metals, N-containing compounds, P-containing com-
pounds, and S-containing compounds) on phytoplankton in oceans and
lakes. It discusses in detail the various physiological responses of
phytoplankton when they are exposed to the forementioned chemical
species. All the chemical species discussed in this review are important
classes of atmospheric PM chemical species that are commonly depos-
ited into aquatic ecosystems, especially in coastal zones where the
ocean, atmosphere, and land meet. The review is organized as follows:
Section 2 summarizes how atmospheric PM are typically classified and
discusses the classes of ubiquitous chemical species in atmospheric PM
that will be the focus of this review. Included in this section are dis-
cussions about their major emission sources and previously reported
ambient concentrations. Section 3 discusses the different factors gov-
erning the atmospheric deposition process and summarizes the deposi-
tion fluxes reported for the forementioned chemical species. Section 4
discusses the physiological effects of phytoplankton when they are
exposed to these classes of chemical species during deposition. Lastly,
Section 5 discusses current knowledge gaps and suggests future studies
that can be done to address these gaps.

2. Atmospheric PM

Anthropogenic activities and natural processes emit different com-
pounds in the form of gases and PM into the atmosphere. Important
anthropogenic sources include the transportation, industrial, and do-
mestic sectors, almost all of which utilize combustion processes for en-
ergy generation. Important non-combustion-related anthropogenic
sources include road dust and PM generated during the wear and tear of
vehicle parts (Piscitello et al., 2021; Thorpe and Harrison, 2008).
Important natural sources include emissions from volcanoes, wildfires,
wind-blown minerals, sea sprays, and trace gas emissions from soils and
oceans (Fuzzi et al., 2015). Regardless of the nature of their sources
(anthropogenic or natural), atmospheric PM can be categorized as either
primary or secondary. Primary PM are released directly into the atmo-
sphere from a source, whereas secondary PM are formed in the atmo-
sphere from chemical reactions.

Vehicular emissions constitute a major anthropogenic PM source in
urban areas (Fuzzi et al., 2015; Karagulian et al., 2015; Molina, 2021).
Although vehicular exhaust emissions have long been recognized as the
main source of PM (Pant and Harrison, 2013; Platt et al., 2017), non-
exhaust vehicular emissions arising from the abrasion of brakes and
tires, road surface wear and resuspension of road dust also contribute
substantially to PM (Harrison et al., 2012; Thorpe and Harrison, 2008;
Zhang et al., 2020). Biomass burning is another major contributor to
atmospheric PM. Anthropogenic activities are responsible for around 90
% of biomass burning and include slash-and-burn agriculture, open
burning of agricultural waste, and domestic wood burning for cooking
and heating (Bhattarai et al., 2019). Mineral dust, which can originate
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from anthropogenic (e.g., agriculture, deforestation, traffic on dirt
roads) and natural (e.g., desert storms) sources, is another important
contributor to PM. Particularly during dust storms, large amounts of
mineral dust are released into the atmosphere (Miller-Schulze et al.,
2015).

One of the most important factors affecting how long PM remains in
the atmosphere and how much is deposited into water bodies is its
aerodynamic size. The aerodynamic size of PM can range from<1 μm to
larger than 100 μm. Coarse PM (PM10–2.5) have aerodynamic diameters
of 2.5 to 10 μm, while fine PM (PM2.5) have aerodynamic diameters
smaller than 2.5 μm. The atmospheric residence time of PM10–2.5 is
short, ranging from minutes to hours, and their transport distances
typically range from 1 to 10 km (Zeb et al., 2022). PM larger than 10 μm
are also present in the atmosphere, but they have shorter residence times
due to their larger size and rapid removal. Compared to PM10–2.5, PM2.5
remains airborne for extended periods (days to weeks) and can be
transported over longer distances before their deposition.

Trace metals, NO3
− , NH4

+, SO4
2− , and phosphates (PO4

3− ) are
commonly identified chemical species in PM. Trace metals account for a
relatively small portion of PM (typically <1 %). Still, they are ecologi-
cally interesting due to their biological importance and nutritional (or
toxic) characteristics (Mukhtar and Limbeck, 2013). NH4

+, NO3
− , and

SO4
2− are the three most abundant inorganic constituents of PM2.5

(Pöschl, 2005), and they are produced bymultiphase reactions involving
gas-phase NH3, NOx, and SO2, respectively (Seinfeld and Pandis, 2016).
At environmentally relevant concentrations, NO3

− promotes metabolism
and growth in increasingly N-enriched waters rather than directly
causing toxicity (Glibert et al., 2016). SO4

2− influences the biogeo-
chemical processes of C, N, and P in addition to potentially inducing
toxic effects on some aquatic species (Zak et al., 2021). PO4

3− , a growth-
limiting nutrient in marine ecosystems, is essential for phytoplankton
growth (Lin et al., 2016). The main sources, concentrations, and distri-
bution of these PM constituents are discussed below.

2.1. Trace metals

Different technical terms have been used to define trace metal spe-
cies in PM, cloud water, rainwater, and seawater. Thus, Meskhidze et al.
(2019) recommended that the atmospheric and oceanic science com-
munities adopt consistent definitions based on operationally determined
forms of trace metals. Trace metals retained by a 0.2 μmmembrane filter
and gravitationally settled are referred to as particulate trace metals.
Trace metals that penetrate a 0.2 μm membrane filter, those that
penetrate a 0.02 μm membrane filter, and those that penetrate a 0.2 μm
but are retained by a 0.02 μm membrane filter are referred to as dis-
solved, soluble, and colloidal trace metals, respectively (Al-Abadleh
et al., 2022). Trace metals in PM originate from both natural and
anthropogenic sources. Large concentrations of Cu, Fe, aluminum (Al),
cadmium (Cd), cobalt (Co), lead (Pb), manganese (Mn), nickel (Ni), and
zinc (Zn) originate from natural sources, which are dominated by vol-
canic emissions, wildfires, and wind-borne mineral dust (Hoffmann
et al., 2012; Isley and Taylor, 2020; Prospero et al., 2002). Large con-
centrations of arsenic (As), chromium (Cr), Mn, Pb, selenium (Se), and
vanadium (V) originate from anthropogenic sources, which include
fossil fuel combustion, vehicular non-exhaust emissions (e.g., Zn), and
dust dispersion from metal processing (Lazo et al., 2019; Maciejczyk
et al., 2021; Nawrot et al., 2020). Measurements from the Global At-
mospheric Passive Sampling (GAPS) and GAPS Megacities (GAPS-MC)
networks showed that the highest concentrations of total trace metals
were found in Mendoza Province, Argentina (82.7 μg m− 3), followed by
New Delhi, India (51 μg m− 3), while the lowest concentrations (0.425
μg m− 3) were found in Pallas, Finland (Mastin et al., 2023). Fe and Al are
the most abundant trace metals in atmospheric PM, with average con-
centrations of 4.63 μg m− 3 and 3.4 μg m− 3, respectively, due to their
prevalence in the Earth’s crust and soil resuspension in rural areas
(Mahowald et al., 2018; Mastin et al., 2023). This is followed by non-

crustal trace metals such as Zn and Pb, which are mostly emitted from
urban anthropogenic activities (Hien et al., 2022; Liu et al., 2020a).

Trace metals in PM are mostly emitted into the atmosphere in water-
insoluble, particulate forms, which subsequently undergo atmospheric
processing (e.g., acid processing, metal-organic complexation reactions,
photoreduction) to convert them to water-soluble (dissolved, soluble,
colloid) forms (Chen and Grassian, 2013). There are differences in the
size distribution and water-soluble fractions of trace metals in PM from
anthropogenic and natural sources. Trace metals originating from nat-
ural sources are mostly present in coarse PM and have low solubility,
while trace metals from anthropogenic sources are usually in fine PM
and have higher solubility (Jiang et al., 2014; Yang et al., 2023). The
mass concentrations of water-soluble metals are usually higher in fine
PM than in coarse PM. This is due to the large quantities of acidic
inorganic species that promote acid processing and organic species that
serve as organic ligands present in fine PM that enhance metal solubility
(Fang et al., 2017; Tao and Murphy, 2019; Yang et al., 2023). Factors
that influence the solubility of metals in aquatic waters include source
composition (Aguilar-Islas et al., 2010; Buck et al., 2010), metal
mineralogy (Journet et al., 2008), atmospheric deposition processes
(wet vs. dry deposition) (Srinivas and Sarin, 2013), PM aging during
long-distance transport, and in-cloud dissolution during which PM form
cloud condensation nuclei and dissolve into the liquid phase (Bianco
et al., 2017). The geochemical processes involved in the atmospheric
deposition of trace metals to surface waters vary. Dry deposition occurs
continuously, with the PM deposition rates governed by PM size and the
solubility of trace metals influenced by the interaction of PM with sur-
face waters. In contrast, wet deposition removes trace metals that are
more prevalent in PM2.5 and exhibit higher solubility. This is due to the
low pH of rainwater, which can solubilize trace metals before they reach
the water surface, making the dissolved fractions of trace metals readily
available to phytoplankton. The solubility of trace metals in wet depo-
sition is governed by the interaction between PM and rainwater (Chester
et al., 1999).

2.2. N-containing compounds

Inorganic NH4
+ makes up a substantial fraction of N-containing

compounds in fine PM. It is usually present in the forms of ammonium
nitrate (NH4NO3) and ammonium sulfate ((NH4)2SO4) in fine PM.
NH4NO3 and (NH4)2SO4 are formed from multiphase reactions of NH3
with nitric acid (HNO3) and sulfuric acid (H2SO4), respectively (Seinfeld
and Pandis, 2016). (NH4)2SO4 and NH4NO3 account for 20 to 80 % of
fine PM (Zhang et al., 2007). Agricultural activities such as fertilizer
application, livestock waste, and biomass burning account for over 80 %
of the global emissions of NH3 (Van Damme et al., 2021). Regions with
intensive agriculture, such as the Indo-Gangetic plains in India, the
North China Plain in China, the US Midwest, and pastoral lands in
Europe, have been identified as hotspots of NH3 emissions (Nair and Yu,
2020). In urban areas where agricultural activities are mostly absent,
non-agricultural sources such as vehicular exhaust, power plants, and
industries contribute to NH3 emissions (Fenn et al., 2018; Kuttippurath
et al., 2020; Wu et al., 2020). Based on results from the Laboratoire de
Météorologie Dynamique general circulation model (LMDz) coupled
with the Interactions with Chemistry and Aerosols (INCA) model, the
annual mean surface concentrations of inorganic NH4

+ are 1 to 2 μg m− 3

across the eastern and central US, 2 to 3 μg m− 3 in northern Europe, and
4 to 5 μg m− 3 in northern China (Hauglustaine et al., 2014). The
aforementioned regions have not only high concentrations of SO4

2− and
HNO3 but also high emissions of NH3 from agricultural activities.

Another substantial fraction of N-containing compounds in PM is in
the form of NO3

− . Inorganic NO3
− is an important chemical component of

fine PM (Zhang et al., 2007). It is mainly formed in the atmosphere via
the chemical oxidation of NOx (= nitrogen oxide (NO) + nitrogen di-
oxide (NO2)), involving homogeneous gas-phase oxidation and hetero-
geneous hydrolysis. Although NOx emissions can be from natural
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sources (e.g., lightning, soil, wildfires), a substantial fraction of NOx
emissions come from anthropogenic activities, particularly combustion-
related processes (Butler et al., 2020; Hu, 2021; Song et al., 2019).
Urban areas with intensive anthropogenic activities are hotspots for NOx
emissions compared to rural areas. About 90 to 95 % of the NOx is
usually emitted as NO. During the day, NOx in the atmosphere rapidly
cycles between NO and NO2 via different photochemical reactions
(Seinfeld and Pandis, 2016). This cycling between NO and NO2 is several
orders of magnitude higher than the oxidation rate of NOx to form NO3

−

(Xin et al., 2023). NO2 formed during the daytime is oxidized by hy-
droxyl radicals (•OH) to produce HNO3, which then reacts with NH3 to
form particulate inorganic NO3

− (Seinfeld and Pandis, 2016). At night,
nitrogen pentoxide (N2O5) formed through the reversible reaction be-
tween NO2 and nitrate radicals (NO3•) reacts with the wet surfaces of
PM to yield particulate inorganic NO3

− (Brown and Stutz, 2012; Rav-
ishankara, 1997). Inorganic NO3

− is an increasingly important PM
component in regions with significant reductions in SO2 emissions,
slight reductions in NOx, and stable NH3 concentrations (Bauer et al.,
2007; Heald et al., 2012). Such asynchronous reduction of air pollutants
has increased the contributions of inorganic NO3

− to PM, especially in
urban areas (Wang et al., 2018; Zou et al., 2018). This is clearly
demonstrated in urbanized regions in China, where the increasing NO3

−

concentration was found to be primarily due to decreased SO2 emissions,
enhanced atmospheric oxidation capacity, and reduced NO3

− deposition
(Xie et al., 2022). Xie et al. (2022) found that reducing NH3 emissions
was the most effective strategy for reducing NO3

− pollution in China.
There have been some studies on the future total N deposition in China.
They suggested that future emission controls such as reductions in the
NOx, SO2, and VOC emissions could effectively reduce oxidized N (e.g.,
NO3

− , NO2
− ) deposition while slightly decreasing reduced N deposition by

2030 (Liu et al., 2022; Zhu et al., 2022). However, in domestic regions of
China with higher agricultural NH3 emissions, the decrease in NOx and
SO2 emissions could enhance reduced N dry deposition, thereby
diminishing the effectiveness of NH3 emission control (Zhu et al., 2022).

Using the Goddard Institute for Space Studies (GISS) general circu-
lation model, Bauer et al. (2007) determined that the mean surface
concentrations of inorganic NO3

− are 1.5 μg m− 3 in the most polluted
regions, such as East China and Europe. Their model showed that the
inorganic NO3

− concentrations would climb to as high as 3 μg m− 3 by
2030. The predictions for NO3

− concentrations in 2030 were based on
anticipated future changes. The authors predicted that the increasing
emissions of NH3 could potentially have a more significant impact on
increasing NO3

− concentration compared to changes in the emissions of
NOx and SO2. However, there are several uncertainties associated with
these projections, including the implementation of new clean air pol-
icies, climate change, and future changes in land use and population
densities. These uncertainties will also complicate projections of N
deposition trends.

Organic NO3
− can be classified as primary or secondary. Biomass

burning and fossil fuel combustion are mostly responsible for the direct
emissions of organic NO3

− (Lin et al., 2021). Organic NO3
− can also be

formed in the atmosphere through oxidation reactions between VOCs
and •OH in the presence of NOx during the daytime and through
nighttime oxidation reactions between VOCs and NO3• (Brown and
Stutz, 2012; Li et al., 2022). If the organic NO3

− compounds formed from
these gas-phase reactions have sufficiently low vapor pressure, they will
partition into the particulate phase to form particulate organic NO3

− (Ng
et al., 2017). Many studies have found larger contributions of organic
NO3

− to secondary organic PM at night compared to the daytime (Fry
et al., 2013; Huang et al., 2019; Rollins et al., 2012). Organic NO3

− is an
effective sink and reservoir of NOx, thus facilitating its long-range and
vertical transport through the troposphere. The mass yields of organic
NO3

− from NO3•-mediated oxidation are typically substantially higher
than from •OH-mediated oxidation of VOCs (Ng et al., 2017). Model
simulations using the Goddard Earth Observing System-Chemistry
(GEOS-Chem) revealed that the global mean surface concentration of

organic NO3
− is 0.47 μg m− 3. Regions affected by anthropogenic sources

and biomass burning had the highest organic NO3
− concentrations,

whereas remote oceanic areas had the lowest concentrations of organic
NO3

− (Li et al., 2023).

2.3. S-containing compounds

Most S-containing compounds in PM are in the form of SO4
2− . Inor-

ganic SO4
2− constitutes a major mass fraction of atmospheric fine PM

(Zhang et al., 2007). Inorganic SO4
2− is mainly formed in the atmosphere

via gas-phase and aqueous-phase oxidation reactions of SO2, the main S-
containing gas-phase compound emitted into the atmosphere. Anthro-
pogenic sources contribute 98 % of global SO2 emissions. Over 65 % of
global SO2 emissions come from industrial and power generation sour-
ces (Zhong et al., 2020). Volcanic eruptions are a major natural source of
SO2 (Heaviside et al., 2021). Besides direct emission, SO2 is also formed
in the atmosphere by •OH-mediated and NO3•-mediated oxidation of
dimethyl sulfide ((CH3)2S) (Veres et al., 2020). The formation of inor-
ganic SO4

2− from gas-phase oxidation involves the reaction of SO2 with
•OH, whereas the aqueous-phase oxidation of SO2 involves oxidation
reactions with dissolved O3, hydrogen peroxide, and NO2 with transition
metal ions as catalysts (Gao et al., 2022; Liu et al., 2020b). SO2 dissolves
into cloud droplets, which serve as a reaction medium to convert dis-
solved SO2 to SO4

2− (Ye et al., 2023). In addition to its formation in the
atmosphere, particulate inorganic SO4

2− can be emitted directly into the
atmosphere from sources such as residential coal combustion, sea spray,
soil, and shipping activities (Dai et al., 2019; Dominguez et al., 2008; Li
et al., 2020; Moon et al., 2023). Based on the LMDz-INCA model, the
surface inorganic SO4

2− concentrations are 4 to 5 μg m− 3 over the eastern
US, eastern and southern Europe, and China (Hauglustaine et al., 2014).
The contribution of inorganic SO4

2− to fine PM has decreased in many
countries (e.g., China, USA) due to air quality regulations implemented
to reduce SO2 emissions. For instance, since the implementation of
China’s Air Pollution Prevention and Control Action Plan in 2013, the
SO2 concentration has decreased from 14.1 ± 8.2 ppbv in 2013 to 5.5
ppbv in 2017, and the corresponding SO4

2− concentration in urban Bei-
jing showed a decline from 10.1 ± 14.6 μg m− 3 in 2013 to 4.2 ± 6.2 μg
m− 3 in 2017 (Wang et al., 2020).

Organic S-containing compounds are typically present in PM as
organosulfates, sulfoxides, sulfonates, and sulfones (Jiang et al., 2022).
Organosulfates are the most abundant class of organic S compounds in
atmospheric PM. As previously reviewed by Brüggemann et al. (2020)
and Fan et al. (2022), a variety of multiphase reaction pathways can lead
to organosulfate formation, including photochemical reactions of
different VOCs in the presence of particulate SO4

2− , SO4
2− esterification

reactions, reactions driven by sulfoxy radical anions, and heterogeneous
reactions of SO2 with unsaturated organic compounds. Most organo-
sulfates have low volatilities; thus, they are mostly present in PM.
Organosulfates have been detected in a variety of locations, including
polar, urban, rural, and marine environments, due to interactions be-
tween anthropogenic and biogenic emissions during long-range trans-
port (Glasius et al., 2022; Hawkins et al., 2010; Luḱacs et al., 2009; Meng
et al., 2018). However, the concentrations of organosulfates are
location-dependent. The total concentrations of organosulfates in the
Antarctic and Arctic have been reported to be 47 to 260 ng m− 3 and 46
to 670 ng m− 3, respectively (Ye et al., 2021). In contrast, areas with
large isoprene emissions (e.g., southeastern USA) can have total mean
organosulfate concentrations reaching 1000 ng m− 3 (Brüggemann et al.,
2020).

2.4. P-containing compounds

P-containing compounds are predominantly found in the particulate
form due to their low volatilities. Both natural (e.g., desert dust, sea
spray, bioaerosols, and volcanic ash) and anthropogenic (e.g., fossil fuel
combustion, biomass burning, agricultural activities) sources contribute
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to atmospheric P. Several modeling studies have attempted to identify
the major sources of atmospheric P. According to Mahowald et al.
(2008), desert dust is a major emission source, accounting for 1.15 Tg
yr− 1 (>82 %) of the global P emissions. However, Wang et al. (2015b)
reported that previous calculations of the global budget of atmospheric P
were unbalanced, with global deposition exceeding the emissions of
1.39 Tg yr− 1 estimated by Mahowald et al. (2008). The model calcula-
tions performed by Wang et al. (2015b) showed that combustion-related
emissions represented >50 % (1.8 Tg yr− 1) of the global P emissions.
They also estimated that the total global P emission was 3.5 Tg yr− 1, thus
resulting in a depositional sink of 0.8 Tg yr− 1 to oceans and 2.7 Tg yr− 1

to land. These two studies highlight some of the uncertainties underlying
the estimates of P emissions since they can differ drastically depending
on the model assumptions. Regarding surface concentrations, mineral
dust in the major dust regions contributes 0.1 to 1 μgm− 3 of atmospheric
P, while biomass burning emissions in Asian and central African coun-
tries contribute concentrations ranging from 10 to 100 ng m− 3 (Myr-
iokefalitakis et al., 2016).

Historically, organic P has not been studied as well as inorganic P.
The contributions of organic P to global emissions are estimated to be
0.13 Tg yr− 1 (Kanakidou et al., 2012). Anthropogenic and natural
sources, including bioaerosols, biomass burning, dust, sea salt, and
agricultural activities, contribute to atmospheric organic P (Myr-
iokefalitakis et al., 2016; Violaki et al., 2018). According to Violaki et al.
(2018), bioaerosols are the dominant source of atmospheric organic P.
Bioaerosols are composed of cellular materials of microorganisms (e.g.,
algae, bacteria, fungi, moss) and plants (e.g., pollen). Some of the
organic P-containing compounds in bioaerosols include inositol PO4

3− ,
sugar PO4

3− , phosphoamides, phospholipids, and phosphoproteins (Karl
and Björkman, 2015; Myriokefalitakis et al., 2016). Anthropogenic
sources release organic P-containing compounds, especially in the form
of organophosphate esters. Organophosphate esters are synthetic
organic compounds that are used as plasticizers, flame retardants,
combustion engine fuel additives, antifoam agents, and pesticides in the
construction, electronics, textiles, transportation, and manufacturing
industries (Fabiańska et al., 2019). They are released into the atmo-
sphere via volatilization, leaching, and abrasion. Urban areas are a
hotspot for organophosphate ester emissions. The highest ambient air

concentrations of organophosphate esters are found in New York, USA
(15,100 pg m− 3), and London, UK (14,100 pg m− 3), with the lowest
concentrations observed in Kolkata, India (464 pg m− 3) (Saini et al.,
2020). The organic P concentrations in PM in coastal areas range from
0.01 to 30 ng m− 3 (Kanakidou et al., 2012).

3. Atmospheric deposition processes

Atmospheric deposition is the process whereby atmospheric PM (and
gases) move from the atmosphere to the earth’s surface. Fig. 1 shows a
schematic of the two types of atmospheric deposition processes: wet
deposition and dry deposition. Wet deposition is a natural process by
which atmospheric PM (and gases) are scavenged by atmospheric water
droplets (e.g., clouds, rain, and snow) and deposited onto the earth’s
surface. Wet deposition involves two scavenging processes for precipi-
tation: rainout (in-cloud scavenging) and washout (below-cloud scav-
enging) (Seinfeld and Pandis, 2016). The effectiveness of wet deposition
depends foremost on the availability of precipitation locally. The wet
deposition of atmospheric chemical species mainly depends on their
water solubility, as characterized by their Henry’s Law constants. The
chemical composition of PM is diverse, with the number of chemical
species in PM likely in the thousands (Zhang et al., 2007). Each chemical
species within PM exhibit different water solubilities, thus they will be
scavenged by atmospheric water droplets at different efficiencies.
Additionally, some of these chemical species (e.g., trace metals, as dis-
cussed above) exhibit PM-size dependent solubility (Yang et al., 2023).
Dry deposition is a slower and more incessant process that removes PM
(and gases) from the atmosphere by a variety of mechanisms that
include gravitational sedimentation, turbulent diffusion, Brownian
motion, interception, inertial forces, electrical migration, diffusiopho-
resis, and thermophoresis (Seinfeld and Pandis, 2016). PM with aero-
dynamic diameters >5 μm are mostly deposited by gravitational
sedimentation and inertial impaction. However, both processes are less
effective for the deposition of PM with smaller aerodynamic diameters
due to their lower fall speeds and momentum. PM with sizes ranging
from 0.2 to 2 μm can travel long distances in the atmosphere before
being deposited (Lovett, 1994). Gases, on the other hand, are deposited
mostly through turbulent diffusion and Brownian motion (Pacyna,

Fig. 1. Schematic illustration of atmospheric emission sources and deposition processes.
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2008).
The deposition rates/fluxes to oceans vary for different atmospheric

chemical species. Trace metal depositions to oceans show spatiotem-
poral variations, especially in marginal seas, which are more affected by
the long-range transport of contaminants from continental areas than
open oceans. By extrapolating measurement data, Duce et al. (1991)
estimated the global atmospheric PM trace metal fluxes to oceans to be
in the range of 0.01 Tg yr− 1, 0.0004 to 0.0007 Tg yr− 1, 0.002 to 0.007 Tg
yr− 1, 0.014 to 0.017 Tg yr− 1, 0.011 to 0.06 Tg yr− 1, and 0.0013 to
0.0029 Tg yr− 1 for Pb, Cd, Cu, Ni, Zn, and As, respectively. Zhang et al.
(2015) used the Community Earth System model and computed the
deposition fluxes of total Mg, Mn, and Fe associated with mineral dust to
oceans to be 2.83 Tg yr− 1, 109.89 Gg yr− 1, and 6.10 Tg yr− 1,
respectively.

Observational and modeling predictions have primarily focused on
the atmospheric deposition of Fe, with less emphasis on other trace
metals. Table 1 summarizes the reported atmospheric deposition fluxes
of Fe to oceans along with their associated uncertainties. Duce et al.
(1991) reported the first estimate of Fe deposition flux frommineral dust
to oceans, 32 Tg yr− 1, with 29 Tg yr− 1 in the particulate form and 3 Tg
yr− 1 in the soluble form. Since then, Fung et al. (2000) compiled pre-
vious dust deposition data and estimated the total Fe deposition to
oceans to be 6.6 Tg yr− 1. Gao et al. (2001) compiled particulate Fe or
dust concentrations from in situ measurements at 73 marine locations
and derived a Fe deposition flux of 14 Tg yr− 1. Similarly, Okin et al.
(2011) used estimates of desert dust and Fe deposition from previous
measurements to arrive at a soluble Fe deposition flux of 0.36 Tg yr− 1 to
oceans.

Besides the forementioned observational and data compilation-based
estimates, chemical transport models have been used to estimate at-
mospheric deposition fluxes of Fe to oceans. Modeling studies have re-
ported a range of total Fe deposition fluxes to oceans, varying between 6
and 30 Tg yr− 1 (Ito, 2015; Ito and Shi, 2016; Myriokefalitakis et al.,
2018; Wang et al., 2015a; Zhang et al., 2015). Similarly, the soluble Fe
deposition fluxes from various modeling studies ranged from 0.11 to
0.76 Tg yr− 1 (Hamilton et al., 2020; Ito, 2015; Ito and Shi, 2016;
Johnson and Meskhidze, 2013; Myriokefalitakis et al., 2018, 2015). The
ranges of total and soluble Fe deposition fluxes to oceans obtained from

model estimations could be attributed to the model-specific emission
sources and their estimates. For instance, Myriokefalitakis et al. (2015)
computed the global soluble Fe deposition flux to oceans to be 0.191 Tg
yr− 1, which was lower than the previous estimated deposition flux of
0.26 Tg yr− 1 (Johnson and Meskhidze, 2013). This was because the
former study used a dust emission of 1091 Tg yr− 1, which was lower
than the dust emission value (1900 Tg yr− 1) used in the latter study.
Similarly, Wang et al. (2015a) reported larger Fe deposition resulting
from coal combustion (0.455 Tg yr− 1) compared to the deposition value
(0.14 Tg yr− 1) reported by Ito (2015) due to differences in the emission
source estimations. Most studies have reported large uncertainties
associated with emission sources. Nevertheless, mineral dust contributes
the most to the deposition of total and soluble Fe to oceans (Ito, 2015; Ito
and Shi, 2016; Wang et al., 2015a), with minor contributions from
biomass burning and fossil fuel combustion. Myriokefalitakis et al.
(2018) conducted the first model intercomparison study using four state-
of-the-art global PM models (Community Atmosphere Model version 4
(CAM4), Integrated Massively Parallel Atmospheric Chemical Transport
(IMPACT), GEOS-Chem, and Tracer Model 4 of the Environmental
Chemical Processes Laboratory (TM4-ECPL)) and reported multi-model
ensemble average Fe deposition flux values of 15 and 0.3 Tgyr− 1 for
total Fe and soluble Fe, respectively. Recently, Ito and Miyakawa (2023)
used the IMPACT model and reported deposition fluxes of soluble Fe
from anthropogenic, lithogenic, and pyrogenic sources to oceans to be
0.216 Tg yr− 1. Considering the numerous observational and modeling
studies on Fe deposition to oceans, we recommend further research into
the deposition fluxes of other trace metals.

Table 2 summarizes the reported atmospheric deposition fluxes of N
to oceans along with their associated uncertainties. Globally, both
inorganic and organic N contribute to the total N deposition to oceans.
From the extrapolations of available observational data, Okin et al.
(2011) estimated a total N deposition flux of 63 Tg yr− 1 to oceans. Based
on the previously available data, Duce et al. (2008) estimated the
deposition flux of total N to oceans for the year 2000 to be 67 Tg yr− 1,
which was higher than the net deposition of 39Tgyr− 1 reported by
Jickells et al. (2017) for the year 2005. Using a global biogeochemical
elemental cycling model, Krishnamurthy et al. (2007) found that the
inorganic N deposition flux to oceans increased from 22 Tg yr− 1 in the

Table 1
Summary of atmospheric deposition flux of Fe with uncertainties.

Fe form Model/observation Deposition flux
(Tg yr− 1)

Uncertainty Reference

Total Fe Extrapolation of measured Fe concentrations to areas over the ocean where
measurements were not available, and the application of appropriate
exchange coefficients for dry and wet deposition

32 Uncertain by a factor of 2 to 3 Duce et al. (1991)

Total Fe Compilation of existing data 6.6 Uncertain by a factor of 10 and 100
at 10 % and 1 % solubility,
respectively

Fung et al. (2000)

Total Fe Analysis of in situ measurement data 14 Not reported Gao et al. (2001)
Soluble Fe Compilation of previous estimates of Fe deposition 0.36 Not reported Okin et al. (2011)
Soluble Fe GEOS-Chem model 0.26 Uncertainty by a factor of 5 Johnson and

Meskhidze (2013)
Total Fe Community Earth System model 6.10 Not reported Zhang et al. (2015)
Total Fe LMDz-INCA 8.4 Not reported Wang et al. (2015a)
Soluble Fe TM4-ECPL 0.191 Uncertainty of 50 % Myriokefalitakis et al.

(2015)
Total and
soluble Fe

IMPACT Total Fe: 13
Soluble Fe: 0.34

Not reported Ito (2015)

Total and
soluble Fe

IMPACT Total Fe: 10
Soluble Fe: 0.11
to 0.12

Not reported Ito and Shi (2016)

Total and
soluble Fe

CAM4, GEOS-Chem, IMPACT, and TM4-ECPL Total Fe: 10 to
30
Soluble Fe: 0.2
to 0.4

Not reported Myriokefalitakis et al.
(2018)

Soluble Fe Global Earth system model 0.70–0.76 Not reported Hamilton et al. (2020)
Soluble Fe IMPACT 0.216 Factor of 15 Ito and Miyakawa

(2023)
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pre-industrial era to 39 Tg yr− 1 in the 1990s, with projections reaching
69 Tg yr− 1 by 2100. Myriokefalitakis et al. (2020) reported that the
present-day (2001 to 2020) atmospheric deposition flux of inorganic N
to oceans was 40Tgyr− 1, doubling from 19.74 Tgyr− 1 in the pre-
industrial era (1851 to 1870) due to increased NH3 and NOx emis-
sions. However, future (2081 to 2100) predictions revealed a decrease in
inorganic N deposition flux (35 Tgyr− 1) to oceans due to reductions in
NOx emissions being offset by increased NH3 emissions.

Global estimates of total organic N deposition are highly uncertain
due to the uncertainties surrounding their sources, transformation, and
deposition processes. Duce et al. (2008) estimated the deposition flux of
organic N to oceans for the pre-industrial era (1860), the years 2000 and
2030 to be 6.1, 20, and 23 Tg yr− 1, respectively. Anthropogenic emis-
sions were reported to have a greater impact on the organic N deposition
compared to biogenic emissions. The estimated range of organic N
deposition flux to oceans from various models was 10 to 14 Tg yr− 1.

Table 2
Summary of atmospheric deposition flux of N with uncertainties.

N form Model/observation Deposition flux (Tg
yr− 1)

Uncertainty Reference

Total organic N Data compilation 1860: 6.1 (3.0–9.1)
2000: 20 (10− 30)
2030: 23

Uncertainty of ±50 % Duce et al. (2008)

Soluble organic N TM4-ECPL 12.8 Uncertain by a factor of 5 Kanakidou et al. (2012)
Soluble organic N IMPACT 10 Uncertain by a factor of 5 Ito et al. (2014)
Total soluble organic N IMPACT With biomass

burning: 14
Without biomass
burning: 12

Not reported Ito et al. (2015)

Total and soluble organic
particulate N

GEOS-Chem model Total N: 10
Soluble N: 7.5

Simulated deposition fluxes were lower than the observed
deposition fluxes by a factor of three

Li et al. (2023)

Inorganic N Biogeochemical Elemental
Cycling model

Pre-industrial: 22
1990: 39
2100: 69

Not reported Krishnamurthy et al.
(2007)

Total N Observational based estimates 63 Uncertainty of ±25 to 50 % Okin et al. (2011)
Total N TM4-ECPL 39 Not reported Jickells et al. (2017)
Inorganic N TM4-ECPL Pre-industrial: 20

Present: 40
Future: 35

Not reported Myriokefalitakis et al.
(2020)

Table 3
Summary of atmospheric deposition flux of P with uncertainties.

P form Model/observation Deposition rate/flux Uncertainty Reference

Total and soluble P Field observation Total P: 1.4 Tg yr− 1

Soluble P: 0.22 Tg yr− 1
Uncertain by a factor of 2 to 3 Graham and Duce

(1979)
Total P and phosphate MATCH Total P: 0.558 Tg yr− 1

Phosphate: 0.0965 Tg yr− 1
Large uncertainty in the emission sources Mahowald et al.

(2008)
Total and soluble
organic P

TM4-ECPL Total P: 0.43 Tg yr− 1

Soluble P: 0.35 Tg yr− 1
An order of magnitude uncertainty, sources of uncertainty in
emission estimates and deposition velocities

Kanakidou et al.
(2012)

Total P LMDz-INCA 0.8 Tg yr− 1 A 90 % confidence interval of 0.2 to 1.6 Tg yr− 1,
uncertainties associated with atmospheric emissions and
transport of P, and sample contamination

Wang et al. (2015b)

Total, dissolved, and
bioavailable P

TM4-ECPL Total P: 0.270 Tg yr− 1 (Past),
0.281 Tg yr− 1 (Present), 0.272 Tg
yr− 1 (Future)

Uncertainty of about 70 % associated with present-day
estimates, scarcity of observational data, and the gaps in
knowledge of P emissions and fate in the atmosphere

Myriokefalitakis
et al. (2016)

Dissolved P: 0.133 Tg yr− 1 (Past),
0.169 Tg yr− 1 (Present), 0.142 Tg
yr− 1 (Future)
Bioavailable P: 0.135 Tg yr− 1

(Past), 0.172 Tg yr− 1 (Present),

0.144 Tg yr− 1 (Future)
Total, total dissolved P
and dissolved
inorganic P

Critical analysis of
previously published
deposition rates

Bulk deposition (Total P)
Geometric mean-28.6 mgm− 2 yr− 1

Uncertainties are still unclear as studies are scarce Diao et al. (2023)

Bulk deposition (Total dissolved P)
Geometric mean-9.4 mg m− 2 yr− 1

Bulk deposition (Dissolved
inorganic P) Geometric mean-4.3
mg m− 2 yr− 1

Dry deposition (Total P)
Geometric mean-13.7 mgm− 2 yr− 1

NA
Dry deposition (Dissolved
inorganic P) Geometric mean-2.9
mg m− 2 yr− 1

Wet deposition (Total P)
Geometric mean-9.5 mg m− 2 yr− 1

Wet deposition (Total dissolved P)
Geometric mean-1.1 mg m− 2 yr− 1

Wet deposition (Dissolved
inorganic P) Geometric mean-2.9
mg m− 2 yr− 1
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Using the TM4-ECPL model, Kanakidou et al. (2012) estimated that 12.8
Tg yr− 1 of soluble organic N in PM form was deposited into oceans.
However, these estimates were reported to be underestimated when
compared to available observational data, suggesting contributions from
other emission sources or transformation mechanisms for soluble
organic N. Ito et al. (2014) subsequently used the IMPACT model to
investigate the potential anthropogenic sources of soluble organic N and
their deposition to oceans. They reported that the deposition flux of
soluble organic N to oceans increased from 6.7 Tg yr− 1 in the pre-
industrial era to 10 Tg yr− 1 in the present day. Of the total deposition,
1.1 Tg yr− 1 was from secondary oxidized organic N, 3.4 Tg yr− 1 was
from primary organic N, and 5.7 Tg yr− 1 was from secondary reduced
organic N. Recent studies have reported that biomass burning contribute
the most to the deposition flux of organic N to oceans. Ito et al. (2015)
found that the deposition flux of soluble organic N to oceans was higher
when open biomass burning was considered (14 Tg yr− 1) compared to
when open biomass burning was ignored (12 Tg yr− 1). Additionally, the
estimated deposition of soluble organic N from secondary formation (1.0
Tg yr− 1) was nearly equal to that from primary sources (1.2 Tg yr− 1),
which suggested that the atmospheric processing of biomass burning
emissions has a significant impact on the soluble organic N deposited to
oceans. Recently, using the GEOS-Chem model, Li et al. (2023) esti-
mated the total organic N deposited to oceans to be 10 Tg yr− 1, with 7.5
Tg yr− 1 in the soluble form. Biomass burning emissions contributed
around 24 % of the total deposition to the ocean.

Table 3 summarizes the reported atmospheric deposition fluxes of P
to oceans along with their associated uncertainties. Graham and Duce
(1979) conducted the first global estimate of total P deposition flux
based on observational extrapolations and reported a value of 1.4 Tg
yr− 1, with 0.22 Tg yr− 1 in the soluble form. Beyond observational ex-
trapolations, three-dimensional chemistry transport models such as
TM4-ECPL, LMDz-INCA, and the Model of Atmospheric Transport and
Chemistry (MATCH) have been used to estimate the atmospheric
deposition fluxes of P. Mahowald et al. (2008) estimated that oceans
receive a global average of 0.558 Tg yr− 1 of total P and 0.0965 Tg yr− 1 of
PO4

3− . Wang et al. (2015b) estimated an oceanic depositional flux of 0.8
Tg yr− 1 for total P. Both studies reported uncertainties related to P
emissions, transport, and sample contamination. Using TM4-ECPL,
Myriokefalitakis et al. (2016) refined previous models by incorpo-
rating different forms of P (total, dissolved, and bioavailable P) for their
past (1850), present (2008), and future (2100) simulations. Their results
showed that the oceanic deposition fluxes of total, dissolved, and
bioavailable P were 0.27, 0.133, and 0.135 Tg yr− 1, respectively, in the
past; 0.281, 0.169, and 0.172 Tg yr− 1, respectively, in the present; and
0.272, 0.142, and 0.144 Tg yr− 1, respectively, in the future. The present-
day total P deposition flux reported byMyriokefalitakis et al. (2016) was
about half of that estimated by Mahowald et al. (2008) and at the lower
end of the range reported by Wang et al. (2015b). For dissolved P, the
deposition flux reported by Myriokefalitakis et al. (2016) (0.169 Tg
yr− 1) was 75 % higher than the estimate reported by Mahowald et al.
(2008) (0.096 Tg yr− 1). This difference was attributed to the inclusion of
P-solubilization processes and different aerosol size representations in
model simulations by Myriokefalitakis et al. (2016), which affected the
lifetime of airborne P-containing PM. More recently, Diao et al. (2023)
compiled atmospheric P deposition rates from 2000 to 2022 (228 sites)
and reported geometric mean bulk deposition rates of 28.6, 9.4, and 4.3
mg m− 2 yr− 1 for total P, total dissolved P, and dissolved inorganic P,
respectively, in the oceanic and coastal zones. These rates were lower
compared to the urban, farmland, and forest zones because of the lower
levels of anthropogenic activities in the oceanic and coastal zones.
Measurements of atmospheric organic P are scarce, and little has been
reported about the deposition fluxes of organic P to oceans. Using TM4-
ECPL simulations, Kanakidou et al. (2012) estimated the total organic P
deposited to oceans to be 0.43 Tg yr− 1, with 0.35 Tg yr− 1 in the soluble
form.

The above-discussed deviations in the results obtained from different

models and observation datasets highlight the need for a better under-
standing of the mechanisms controlling the emissions and trans-
formations of atmospheric chemical species that can affect aquatic
ecosystems upon their deposition. Therefore, systematic comparisons
between models, as well as between observations and models, are
necessary.

4. Impact of atmospheric deposition of PM on phytoplankton

Several factors determine whether the atmospheric deposition of PM
will positively or negatively impact phytoplankton. These include the
nature of the chemical species deposited, the deposition rate, species
sensitivity, the interaction between nutrients and pollutants, and the
response time (Weathers and Ponette-González, 2011). In addition to
field observations, the impacts of atmospheric deposition on phyto-
plankton can be evaluated by bio-incubation studies conducted under
controlled laboratory or field conditions (e.g., bottle incubation exper-
iments conducted during a cruise). Fig. 2 shows the general experi-
mental setup for bottle incubation experiments conducted under field
conditions. Surface seawater is collected using acid-washed Teflon-
coated bottles and filtered. The filtered seawater, along with PM and
external nutrients, is transferred to acid-washed incubation bottles.
Seawater samples are collected throughout the incubation periods to
analyze various parameters, including nutrient levels, chlorophyll-a
(chl-a) concentration, and phytoplankton identification. In bottle incu-
bation experiments mimicking field conditions, natural phytoplankton
assemblages from collected seawater are utilized, whereas laboratory
incubation experiments typically use commercially available phyto-
plankton species. The dominant phytoplankton groups in aquatic eco-
systems include diatoms, dinoflagellates, haptophytes, chlorophytes,
and cyanobacteria (Simon et al., 2009). Fig. 3 shows the scanning

Fig. 2. Experimental setup of bottle incubation experiments (Reprinted with
permission from Zhang et al. (2022)). These experiments are used to examine
the response of phytoplankton under field conditions.
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electron microscopic images of representative phytoplankton species
that are typically used in incubation experiments.

Most bottle incubation studies did not jointly report the deposition
fluxes of individual PM species. However, the PM concentrations used in
most bottle incubation studies were largely realistic since they were
based on previously reported PM deposition fluxes in the studied region.
For instance, in bottle incubation studies conducted by Ridame et al.
(2014) and Lagaria et al. (2017) in the northwestern oligotrophic
Mediterranean Sea and the east Mediterranean Sea, respectively, the
amounts of mineral dust added were based on previously reported at-
mospheric dust deposition. Only a few studies that investigated the
impacts of individual PM species on phytoplankton jointly measured the
deposition fluxes of the individual PM species in their study areas. For
instance, Jordi et al. (2012) measured the dry deposition flux of Cu
(11.80 μg m− 2 d− 1) during their investigation of the effects of atmo-
spheric deposition events characterized by high Cu concentrations on
phytoplankton biomass in the western Mediterranean Sea. Meanwhile,
laboratory incubation studies using anthropogenic PM (e.g., tire wear
PM, welding fume PM) typically used a range of exposure concentrations
that were not based on deposition flux. Details of the reported PM
concentrations and deposition fluxes, if available, are provided in the
discussions presented in the upcoming sections.

4.1. Impact of trace metals

The impacts of atmospherically deposited trace metals on phyto-
plankton are summarized in Table 4. Different phytoplankton taxa have
different metal requirements. Fe is a crucial trace metal in biogeo-
chemical cycles that acts as a growth-limiting nutrient for phyto-
plankton, making it the most extensively studied trace metal in this
context. Cu, the second-most studied trace metal, exerts positive and
negative effects on phytoplankton at low and high concentrations,
respectively. The impacts of trace metals on phytoplankton are also
influenced by their bioavailability, which depends on their chemical
form (i.e., soluble) rather than their overall concentration. However, the
soluble forms of metals can potentially undergo complexation reactions

with organic ligands produced by phytoplankton in water, thus reducing
their concentrations and minimizing their impacts.

4.2. Iron

Fe is an essential micronutrient for phytoplankton and various
metabolic processes, including chl-a biosynthesis, photosynthetic re-
actions, and electron transport. It is also a co-factor in enzymes such as
catalase, chelatase, nitrogenase, nitrate/nitrite reductase, and peroxi-
dase (Wang et al., 2017). Fe exists in two oxidation states: Fe2+ and Fe3+,
with Fe2+ being more bioavailable and more easily uptaked by phyto-
plankton (Schoffman et al., 2016). Under oxic and near-neutral pH
conditions in aquatic waters, Fe is predominantly in the Fe3+ form and
has low dissolved Fe concentrations. Open oceans and a few freshwater
lakes have low dissolved Fe concentrations, often in the nanomolar or
sub-nanomolar range (Lis et al., 2015).

Fe deficiency is the limiting factor for phytoplankton growth in high-
nutrient, low chlorophyll (HNLC) oceans, where significant amounts of
N and P at the water surface remain unused by phytoplankton. Fe
deposited into these HNLC regions serves as a nutrient by stimulating
the assimilation of unused nutrients by phytoplankton and increasing
primary productivity. Due to the challenges associated with directly
measuring phytoplankton biomass over large oceanic areas, chl-a, a key
component in photosynthesis, is typically used as the primary indicator
of productivity and trophic status in marine and oceanic waters (Boyer
et al., 2009). Numerous bio-incubation experiments conducted under
both controlled laboratory conditions and field conditions have
demonstrated that atmospheric Fe can alleviate the growth limitations
of phytoplankton in marine and oceanic waters. Duggen et al. (2007)
provided the first concrete evidence via bottle incubation studies,
showing that the marine diatom Chaetoceros dichaeta utilized Fe from
subduction zone volcanic ash, which resulted in enhanced levels of
photosynthetic efficiency (Fv/Fm) and chl-a. External Fe addition ex-
periments corroborated these findings, showing that Chaetoceros
dichaeta experienced a decrease in Fv/Fm under Fe limiting conditions,
which rapidly recovered within 24 h upon adding excess Fe. These

Fig. 3. Scanning electron microscopic image of (a) Synechococcus sp. PCC7002 (Reprinted with permission from De Oliveira et al. (2020). Copyright 2020 American
Chemical Society), (b) Antarctic Chaetoceros dichaeta (Reprinted from Ligowski et al. (2012)), (c) Raphidocelis subcapitata (Reprinted with permission from Metzler
et al. (2011)), (d) Skeletonema costatum (Reprinted with permission from Zhu et al. (2019)), (e) Thalassiosira pseudonana (Reprinted with permission from Yung et al.
(2015)), and (f) Prochlorococcus strain MIT9312 (Reprinted from Johnson and Lin (2009)).
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Table 4
Effects of atmospherically deposited trace metals on phytoplankton.

Source Type of incubation Composition Phytoplankton
species/community

Measured Indicator Major Findings Reference

Arenal, Costa Rica, Sakura-
jima, Japan, and Mt.
Spurr, Alaska

Bottle incubation Fe Chaetoceros dichaeta Fv/Fm, and chl-a Fe increased the marine primary
productivity in Fe-limited or low-
Fe oceanic areas

Duggen et al.
(2007)

Eyjafjallajökull volcano Bottle incubation Fe Natural
phytoplankton
assemblages

Fv/Fm, and chl-a Ash containing Fe stimulated
phytoplankton growth and
nutrient drawdown

Achterberg
et al. (2013)

Kasatochi volcano, Alaska,
and Chaiten volcano, Chile

Bottle incubation Fe Natural
phytoplankton
assemblages

Chl-a, primary
production, and
phytoplankton
pigments

Fe-laden Kasatochi shifted the
dominant taxa from haptophytes
to diatoms and was responsible for
triggering the 2008 northeast
Pacific bloom

Mélançon et al.
(2014)

Namibian and Mauritanian
dust

Laboratory
incubation

Fe Actinocyclus sp. Growth rate The impact of dust addition has
differed between the two diatom
species

Visser et al.
(2003)Thalassiosira sp.

East Antarctica Plateau Laboratory
incubation

Fe Eucampia antarctica Cell number, chl-a,
Fv/Fm, and POC
production

Fe has altered nutrient
assimilation differently across
diatom species

Conway et al.
(2016)

Proboscia inermis Chl-a, Fv/Fm, and
POC production

Kalahari Desert, Africa, and
Orange NSW, Australia

Laboratory
incubation

Fe Cyclotella
meneghiniana

Total chlorophyll
concentrations

A possibility of solid particle-
mediated Fe-acquiring
mechanisms by diatoms in
addition to reductive uptake
mechanism

Hettiarachchi
et al. (2021)

Tengger desert, China Bottle incubation Fe Natural
phytoplankton
assemblages

Chl-a pH changes interfered with Fe
speciation, organic ligands, and
transporters, reducing Fe
bioavailability to phytoplankton

Mélançon et al.
(2016)

Western tropical North
Atlantic

Bottle incubation Fe Trichodesmium Fe uptake Trichodesmium has assimilated
more Fe than needed for its
maximum growth demonstrating
a large luxury uptake of Fe

Chen et al.
(2011)

Tudor Hill observatory,
southwestern tip of
Bermuda

Bottle incubation Cu Synechococcus Chl-a, and cell
abundance

Synechococcus has exhibited
resistance to Cu toxicity when
Cu2+ concentrations were below
toxicity thresholds

Mackey et al.
(2012a)

Co, Mn, and Ni Growth Synechococcus utilized Co, Mn,
and Ni for their growth

African (Sahara Desert) PM
and European PM was
collected locally at the
Gulf of Aqaba

Bottle incubation Cu Natural
phytoplankton
assemblages

Chl-a, and cell
number

High concentrations of Cu were
toxic to Picoeukaryotes and
Synechococcus as supported by
laboratory toxicity tests

Paytan et al.
(2009)

Picoeukaryotes and
Synechococcus

Growth, and Fv/Fm

Montseny station, Catalonia,
Spain

Satellite
observation
(western
Mediterranean
Sea)

Cu Natural
phytoplankton
assemblages

Chl-a, and
phytoplankton
biomass

High concentrations of Cu were to
natural phytoplankton
assemblages over a vast area of the
Mediterranean Sea

Jordi et al.
(2012)

Huaniao Island in the
Zhoushan Archipelago

Bottle incubation Cu Natural
phytoplankton
assemblages

Chl-a High concentrations of Cu were
toxic to natural phytoplankton
assemblages

Wang et al.
(2017)

Cu and Fe High concentration of Fe
alleviated the toxicity of Cu

PM from Guangzhou and
rainwater near Shanwei

Bottle incubation Cu Subsurface
phytoplankton

Chl-a, and growth
rate

Elevated Cu levels in PM in the
Qiongdong upwelling zone
significantly inhibited subsurface
phytoplankton due to their lack of
adaptations to metal deposition

Zhou et al.
(2021a)

Laboratory tire wear
particles

Laboratory
incubation

Zn Raphidocelis
subcapitata

Growth inhibition Toxicity was related to the tire
exposed surface with lower pH
influencing the release and
toxicity of Zn

Gualtieri et al.
(2005)

Unused car tire Laboratory
incubation

Zn Raphidocelis
subcapitata

Growth rate Zn and lipophilic organic
compounds inhibited the growth

Wik et al.
(2009)

Unused winter car tire Laboratory
incubation

Zn Rhodomonas salina,
Thalassiosira
weissflogii and
Heterocapsa steinii

Cell density, and
growth rate

Higher Zn concentrations leached
from tire wear particle leachates
was responsible for growth
inhibition

Page et al.
(2022)

Saharan dust Bottle incubation Al Natural
phytoplankton
assemblages

Chl-a, and primary
productivity

Dissolved Al that has formed toxic
Al nanoparticles inhibited
phytoplankton growth

Krom et al.
(2016)

(continued on next page)
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results suggested that Fe is a governing nutrient for the growth of
Chaetoceros dichaeta (Timmermans et al., 2001). The introduction of
Eyjafjallajökull volcanic ash (9mgL− 1) into North Atlantic waters in
bottle incubation experiments revealed the rapid accumulation of chl-a
and increased Fv/Fm within natural phytoplankton populations. How-
ever, the observed effects were less than half the stimulatory influence
caused by 2nM dissolved FeCl3 addition. This is because the ash con-
tained a small fraction (0.02 %) of bioavailable Fe as a result of excess
dissolved Fe released from the ash being lost through rapid precipitation
caused by ineffective stabilization by free ligands in seawater (Achter-
berg et al., 2013). Mélançon et al. (2014) reported that the introduction
of Kasatochi volcanic ash (1.2 mgL− 1) into Fe-deficient seawater
increased chl-a concentrations, increased C fixation rates, and shifted
the dominant taxa from haptophytes to diatoms. In addition, the ash
stimulated the biomasses of cyanobacteria, cryptophytes, pelagophytes,
and haptophytes. These observations led the authors to conclude that
the 2008 northeast Pacific bloom was triggered by ash deposition. A
study mimicking a large Saharan dust deposition event reported that
even though the solubility of dust added (1.34 mgL− 1) into incubation
bottles was very low, the dust released sufficient dissolved Fe to relieve
Fe limitation of the phytoplankton community in the northeast Atlantic
Ocean (Blain et al., 2004).

Different phytoplankton groups have different requirements for Fe in
Fe-limited waters because they are influenced by cell size, physiology,
uptake, etc. Visser et al. (2003) conducted the first laboratory incubation

study using 1 and 5 mg of dust (from Namibia and Mauritania) focusing
on individual species of Antarctic diatoms, Actinocyclus sp. and Tha-
lassiosira sp. The 1 mg of dust used in these incubation experiments
represented a high dust input condition based on the amount of dust that
phytoplankton receives per month in the North Atlantic and per year in
the South Pacific and South Atlantic. Thalassiosira sp., a small diatom
(70 μm) with low Fe requirements, showed rapid growth under Fe-
limited conditions but limited response to Fe-dust additions. In
contrast, Actinocyclus sp., a larger diatom (140 μm), exhibited slow
growth in Fe-limited conditions but experienced an increase in growth
rate following the addition of Fe-laden dust. Similarly, laboratory in-
cubation experiments using the Antarctic diatom species Eucampia
antarctica and Proboscia inermis revealed species-dependent responses to
Fe-dust (0.22 mgL− 1) from the Last Glacial Maximum portion of the
Antarctic ice core (Conway et al., 2016). Eucampia antarctica exhibited a
strong growth response, characterized by increased cell number, chl-a,
and particulate organic carbon (POC) production due to its high Fe
requirement. In contrast, Proboscia inermis, which has a low Fe
requirement, exhibited a more subtle response with increased chl-a and
POC production but not cell number. In addition, Eucampia antarctica
decreased silicate uptake for the same NO3

− and C uptake, whereas
Proboscia inermis increased C and NO3

− uptake for the same silicate up-
take. These findings suggested that Fe altered nutrient assimilation
differently across the diatom species. Diatoms acquire Fe through a
reductive uptake mechanism by reducing dissolved Fe3+ to Fe2+ (Sutak

Table 4 (continued )

Source Type of incubation Composition Phytoplankton
species/community

Measured Indicator Major Findings Reference

Electrodes Laboratory
incubation

Cr, Mn, Ni, Si, Ti,
and Vn

Heterosigma akashiwo Growth inhibition,
and morphological
changes

Toxicity was dependent on Ti and
Cr content in welding emission,
summarizing that the toxicity of
particulate emissions was linked
to their chemical composition

Kirichenko
et al. (2019)

Diesel-fueled heavy-duty
vehicle

Laboratory
incubation

Cd, Cu, Cr, Pb,
and Zn

Scenedesmus
subspicatus

Growth inhibition Aqueous leachate at pH 2.0
inhibited the growth in
comparison to aqueous leachate at
pH 5.0 and solvent extract

Corrêa et al.
(2017)

Motorcycle, light-duty, and
heavy-duty vehicle

Laboratory
incubation

As, Ba, Cd, Co,
Cu, Cr, Mn, Mo,
Ni, Pb, Sb, Sn,
and Zn

Heterosigma akashiwo
and Porphyridium
purpureum

Cell size,
membrane
potential, and
esterase activity

Trace metals emitted from
vehicles powered by diesel
engines posed a significant risk to
phytoplankton when compared to
particles emitted from gasoline-
powered vehicles

Pikula et al.
(2019)

Brake disc and pads Laboratory
incubation

Iron oxide, Al,
Cu, Cr, Si, Sn,
and Zn

Raphidocelis
subcapitata

Growth inhibition Particulate form of trace metals
has induced greater toxicity
compared to the water-soluble
fraction of PM

Volta et al.
(2020)

Electroplating processes
(Aluminum cleaning,
aluminum etching,
chemical degreasing,
nonferrous metals etching,
and nickel plating)

Laboratory
incubation

Salts of Fe, Mg,
Al, and Zn, as
well as
particulate Zn

Heterosigma akashiwo,
and Porphyridium
purpureum

Growth inhibition,
cell size, and
membrane
potential

Trace metal emission from the
aluminum cleaning process
induced a dose and time-
dependent toxicity, while trace
metal emission from the non-
ferrous metal etching processes
induced a hormetic dose-response
toxicity

Pikula et al.
(2021)

Cu, Zn, Pb, Ni,
Fe, and Al

Arenal, Costa Rica,
Popocatepetl, Mexico,
Rabaul-Tavurvur, Papua
New Guinea, Sakura-jima,
Japan, and Apoyeque,
Nicaragua

Laboratory
incubation

Cu, Co, Fe, and
Mn

Thalassiosira
pseudonana, and
Emiliania huxleyi

Growth rate, and
cell number

Highest concentration of Mn, Co,
and Fe and the lowest
concentration of Cu promoted the
growth rate of T. pseudonana,
while high concentrations of Fe
and Mn suppressed the growth
rate of E. huxleyi

Hoffmann et al.
(2012)

Etna (Sicily), and Chaitén
(Chile)

Bottle incubation Fe and Mn Natural
phytoplankton
assemblages

Chlorophyll, and
Fv/Fm

Enhanced response to ash was a
result of the relief of Fe and Mn
(co)limitation

Browning et al.
(2014)

Hong Kong University of
Science and Technology,
Hong Kong

Bottle incubation Fe, Mn, and Zn Crocosphaera,
Prochlorococcus,
Synechococcus, and
Trichodesmium

Phytoplankton
abundance, and
gene transcripts

Inhibitory effect of PM due to Fe
scavenging and trace metal
toxicity

Tan et al.
(2019)

Huaniao Island, China Bottle incubation Cu and Fe Skeletonema costatum Chl-a Fe and Cu together increased the
proportion of S. costatum

Li et al. (2021)
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et al., 2012). However, in incubation experiments conducted by Het-
tiarachchi et al. (2021), mineral dust (20 mg) significantly enhanced the
growth of Cyclotella meneghiniana, a marine-centric diatom, in terms of
total chlorophyll (chl) concentrations. This growth enhancement was
more pronounced than when the mineral dust was physically separated.
This indicated the potential involvement of solid PM-mediated Fe-
acquiring mechanisms by the diatoms.

Ocean acidification has been proposed to have significant implica-
tions for the bioavailability and speciation of Fe, thus influencing its
effects on phytoplankton. To investigate this hypothesis, Mélançon et al.
(2016) conducted short-term bottle incubation experiments using HNLC
northeast subarctic Pacific waters treated with either 2 mgL− 1 of Asian
dust or 0.6 nmol L− 1 of iron (II) sulfate (FeSO4). Their findings indicated
that at pH 8.0, both dust and FeSO4 treatment doubled chl-a levels, thus
relieving the Fe-limitation of the phytoplankton assemblage belonging
to non-calcifying taxa (diatoms and cyanobacteria). However, under
more acidified conditions (pH 7.8), there was a significant reduction in
chl-a and POC concentrations, as evidenced by the decrease in the
abundance of phytoplankton belonging to calcifying taxa (haptophytes)
and, to some extent, pelagophytes and cyanobacteria. Consequently, the
observed changes in the growth response of non-calcifying taxa led to
the proposition that pH changes might interfere with Fe speciation,
organic ligands, and transporters, thus reducing Fe bioavailability to
phytoplankton.

Several investigations into the atmospheric deposition of Fe have
focused on diazotrophs, especially Trichodesmium, since they are known
to form blooms and enhance nitrogen fixation rates in response to Fe
deposition. The high demand for Fe in Trichodesmium can be attributed
to the increased requirement for the Fe-rich nitrogenase enzyme, which
catalyzes nitrogen fixation. In the western tropical North Atlantic, Tri-
chodesmium assimilated more Fe from PM than necessary for optimal
growth (Chen et al., 2011). In addition, Fe is hypothesized to limit ni-
trogen fixation in oligotrophic oceans. The additions of Saharan dust
(0.5 and 2mg L− 1) to simulate a strong dust deposition event in the
eastern tropical North Atlantic in bottle incubation experiments resulted
in stimulated nitrogen fixation caused by the provision of Fe and P from
the added Saharan dust, thus relieving the Fe and P co-limitation of
diazotrophs (Mills et al., 2004). Natural populations of Trichodesmium
can also employ colony-forming strategies as an adaptive mechanism to
utilize Fe from deposited dust as a nutrient source. Rubin et al. (2011)
suggested that the puff-shaped colonies formed by natural Trichodes-
mium collected from the Red Sea effectively dissolved dust by trapping
and concentrating the dust within the colony core, thus facilitating the
assimilation of dissolved Fe through unspecified cell-surface processes
(Rubin et al., 2011). In addition, the natural colonies of Trichodesmium
reportedly can sense Fe and selectively choose Fe-rich dust over Fe-free
dust (Kessler et al., 2019). In contrast to natural populations, laboratory
strains such as Trichodesmium erythraeum IMS101 typically exist as sin-
gle filaments (trichomes). These laboratory culture strains do not
interact with dust-containing Fe when growing as single filaments.
However, colony formation prompted interactions with Fe-rich dust
induced by Fe limitation and high trichome density (Kessler et al.,
2019). A bio-incubation study on single Trichodesmium colonies con-
ducted by Eichner et al. (2020) using 2mg L− 1 of dust reported that dust
accumulation in the colony core had negligible effects on the oxygen and
pH microenvironments. Trichodesmium colonies also exhibit a symbiotic
relationship with bacteria capable of synthesizing siderophores, thus
facilitating Fe acquisition from dust. This was demonstrated in a short-
term incubation study involving natural Trichodesmium, whereby dust
additions significantly enhanced the production of ferrioxamine side-
rophores by bacteria residing within the Trichodesmium colonies. These
siderophores interacted with the dust in the colony core and promoted
Fe-dissolution by forming Fe-siderophores complexes. Subsequently,
both Trichodesmium and its associated bacteria acquired Fe, thus estab-
lishing a mutual relationship benefiting the consortium partners (Basu
et al., 2019).

4.3. Copper

Cu is an essential micronutrient for phytoplankton, serving as a co-
factor in redox proteins integral to respiration and photosynthesis
(Barber-Lluch et al., 2023). However, since Cu is also a potential toxin to
phytoplankton, its dual functionality underlines its complex interplay in
aquatic ecosystems. The chemical form of Cu is crucial for phyto-
plankton, with only some specific forms being bioavailable. The
bioavailability of dissolved Cu depends on free cupric ion (Cu2+) con-
centrations and Cu complexes with organic ligands (Ruacho et al.,
2022). In oligotrophic oceanic regions, typical Cu2+ concentrations
range from 10− 15 to 10–13.5 M, which induces growth limitation due to
Cu starvation (Barber-Lluch et al., 2023). However, Cu2+ concentrations
beyond their threshold levels (~10− 11 M) are toxic to phytoplankton
(Brand et al., 1986). The aquatic lifetime of bioavailable Cu is short due
to fast Cu-organic ligand complexation processes, which regulate the
concentration of Cu2+ and protect phytoplankton from Cu toxicity
(Moffett and Brand, 1996).

Several bio-incubation studies have demonstrated the role of Cu as a
nutrient essential for marine phytoplankton. For instance, Mackey et al.
(2012a) observed that Synechococcus in the Sargasso Sea exhibited
resistance to Cu toxicity when free Cu2+ concentrations in deposited PM
were below toxicity thresholds of ~10− 11 M. Phytoplankton also employ
adaptive strategies such as the internal sequestration of Cu by organic
chelation, the release of organic complexing ligands, and the upregu-
lation of Cu efflux mechanisms to mitigate the adverse effects of Cu
exposure (Echeveste et al., 2018). Interestingly, Synechococcus produced
high concentrations of Cu-binding ligands without Cu toxicity. Simi-
larly, a study by Hoffmann et al. (2012) found that Thalassiosira pseu-
donana produced greater Cu-binding ligands when incubated with
volcanic ash having low Cu concentrations. Although the production of
organic ligands was hypothesized not to function exclusively as a Cu
detoxification mechanism, considering the non-specificity of many
organic ligands to metals, other factors could have contributed to their
production.

The toxicity of atmospheric Cu to phytoplankton is typically asso-
ciated with its high concentrations. Satellite observations covering an
extensive region of the western Mediterranean Sea found that atmo-
spheric deposition events characterized by high Cu concentrations and a
dry deposition flux of 11.80 μg m− 2 d− 1 significantly decreased phyto-
plankton biomass (Jordi et al., 2012). Bottle incubation experiments
conducted in the East China Sea found that high Cu concentrations
significantly decreased chl-a concentrations in natural phytoplankton
assemblages (Wang et al., 2017). However, it should be noted that the
high Cu concentrations reported in bottle incubation experiments con-
ducted in the East China Sea were due to the addition of 0.45 mg L− 1 of
PM, which was ~50 % higher than the estimated dry deposition (17 to
276 mg m− 3) for that region. In both the forementioned studies, Cu did
not cause complete mortality but significantly reduced phytoplankton
growth rate by inhibiting photosynthesis, altering electron transport,
and inactivating photosystem II (PSII) reaction centers. High concen-
trations of Cu can also lead to the formation of strong Cu complexes with
biomolecules, thus causing toxicity through interactions with thiol sites
on proteins and the production of reactive oxygen species, promoting
lipid peroxidation chain reactions (Biswas and Bandyopadhyay, 2017).

Bottle incubation experiments in the Red Sea using 0.75 mg L− 1 of
PM (equivalent to 14 days of deposition during dust storms) contained
high Cu concentrations that significantly reduced chl-a levels in natural
phytoplankton assemblages, thus affecting the cell numbers of specific
phytoplankton taxa such as picoeukaryote and Synechococcus (Paytan
et al., 2009). Moreover, a direct assessment of metal toxicity revealed
that adding Cu impaired Synechococcus growth and reduced Fv/Fm
levels, thus indicating Cu as the leading cause of toxicity in bio-
incubation experiments. Cu toxicity in Synechococcus was mainly
caused by membrane damage and loss of membrane permeability that
promoted Cu2+ uptake, damage to PSII, or inhibition of electron
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transport (inhibition of photosynthesis). The damage to the photosyn-
thetic apparatus induced oxidative stress, ultimately inhibiting growth
(Stuart et al., 2009). Although surface phytoplankton can adapt to Cu
toxicity, subsurface phytoplankton are susceptible to toxicity during
upwelling events. For instance, bottle incubation experiments conduct-
ed in the Qiongdong upwelling zone using 3.3 mgL− 1 of PM (repre-
senting summer dry deposition based on the annual dust deposition flux
of 10 to 120gm− 2 to the coastal sea) and 10 % rainwater (representing
summer wet deposition based on ~300mm precipitation between June
and August) contained elevated Cu levels, which significantly inhibited
subsurface phytoplankton due to their lack of adaptations to Cu depo-
sition (Zhou et al., 2021a).

4.4. Zinc

Total dissolved Zn (Zn2+) concentrations in open ocean waters are
typically in the nanomolar range and display nutrient-like behavior
(Sinoir et al., 2016). While Zn is essential for the growth and develop-
ment of phytoplankton, concentrations exceeding their growth re-
quirements can reduce growth, affect photosynthesis, and generate
oxidative stress (Gebara et al., 2023). Page et al. (2022) conducted
laboratory incubation experiments using different leachate concentra-
tions (1, 10, 25, and 50 %) from 1 g L− 1 tire wear particles and reported
that Zn is a key factor in the growth inhibition of three phytoplankton:
Rhodomonas salina, Thalassiosira weissflogii, and Heterocapsa steinii. High
Zn concentrations from tire wear PM leachates (1053.26 ± 74.04 μg
L− 1) were responsible for this growth inhibition. Similarly, Gualtieri
et al. (2005) studied the effects of eluates from tire PM (1, 10, 50, and
100 %) in a laboratory setting, mimicking the normal wear of a tire.
They found that the aqueous leachate from 50 g L− 1 tire PM at pH 3
(EC50: 0.93 %) contained higher Zn concentrations than those from 100
g L− 1 tire wear PM (EC50: 1.64 %), inhibiting the growth of Raphidocelis
subcapitata. The toxicity was associated with the tire-exposed surface at
a lower pH, which influenced the release and toxicity of Zn. Likewise,
Wik et al. (2009) reported that the sequential aqueous leachates from
three different used tires contained Zn and lipophilic organic com-
pounds, inhibiting the growth of Raphidocelis subcapitata. Zn affected the
Fv/Fm of Raphidocelis subcapitata, potentially replacing Mg in chl, thus
affecting oxygen evolution and generating unstable chl-a. Additionally,
Zn can affect the water splitting of PSII, thus affecting photosynthesis
processes (Gebara et al., 2020).

4.5. Other trace metals

In addition to Fe, Cu, and Zn, there have been investigations into the
effects of other trace metals on phytoplankton. Numerous laboratory
investigations have delved into the aquatic toxicity associated with
anthropogenically emitted trace metals. The chemical composition of
PM emissions determines their toxicity in aquatic environments. For
example, the presence of Ti and Cr in welding fume PM (1, 10, and 100
mg L− 1) from rutile-coated electrodes inhibited growth and induced
morphological changes such as irregular shape, softness, multiple pro-
trusions, and folds of algae cell membranes in marine phytoplankton
Heterosigma akashiwo. In contrast, the absence of Cr and lower concen-
trations of Ti from the emissions of rutile-cellulose-coated electrodes
reduced toxicity (Kirichenko et al., 2019). Even though the chemical
composition potentially modulates the toxicological response, aqueous
extracts of PM have greater significance since the ecotoxicological ef-
fects in aquatic environments depend on the bioavailability of soluble
metals. For example, the aqueous leachate of diesel exhaust PM (0.39,
0.78, 1.56, 3.12, 6.25, and 12.5 % v/v) at pH 2 revealed that the con-
centrations of soluble metals such as Cd, Cr, Cu, Pb, and Zn significantly
inhibited the growth of Scenedesmus subspicatus, in contrast to the
aqueous leachate at pH 5 and the solvent extract (Corrêa et al., 2017).
This could be attributed to acidic environments enhancing the dissolu-
tion of trace metals in PM. Acid processing of PM during transportation

is an important mechanism for converting water-insoluble trace metals
to water-soluble forms. Krom et al. (2016) simulated the atmospheric
acid processing of Saharan dust and introduced the simulated acid-
processed Saharan dust to samples from the Eastern Mediterranean
during bio-incubation experiments. Although simulated-acid-processed
Saharan dust supplied greater bioavailable P (18.4 nM mg dust− 1)
than fresh dust (0.45 nM mg dust− 1), the large amount of dissolved Al
released during the simulated acid processing partially decreased both
chl-a and primary productivity (Krom et al., 2016). This is because Al, a
non-essential metal with no biological function, caused toxic effects on
phytoplankton by affecting photosynthesis, ROS generation, lipid per-
oxidation, and ultrastructural damage (Gebara et al., 2023). Pikula et al.
(2021) reported that PM samples (10, 25, and 50 % v/v) collected
during Al cleaning in electroplating operations contained Fe, Mg, Al, and
Zn salts, which induced dose- and time-dependent growth inhibition and
increased cell size of Porphyridium purpureum and Heterosigma akashiwo.
The increase in cell size of both species was attributed to increased
extracellular and intracellular ROS production and metabolic disorders
in toxic cells. Trace metals (Cu, Zn, Pb, Ni, Fe, and Al) from non-ferrous
metal etching processes significantly inhibited the growth ofHeterosigma
akashiwo at high concentrations and stimulated it at low concentrations,
indicating a hormetic dose-response relationship. The toxic effects
observed at high concentrations were attributed to cell membrane hy-
perpolarization, indicative of membrane dysfunction and disruption of
metabolic processes.

Although toxicity is related to the chemical composition and solu-
bility of trace metals in water, some studies have shown that some trace
metals in PM are intrinsically toxic regardless of their composition and
solubility. For example, trace metals such as As, Ba, Cd, Co, Cu, Cr, Mn,
Mo, Ni, Pb, Sb, Sn, and Zn in vehicular PM inhibited growth, altered
membrane potential, and esterase activity in marine phytoplankton
Porphyridium purpureum and Heterosigma akashiwo (Pikula et al., 2019).
Likewise, the trace metals in PM from vehicular brake emissions
exhibited greater toxicity to Raphidocelis subcapitata than the soluble
fraction of PM (Volta et al., 2020). In both studies, physical damage from
metal agglomeration with phytoplankton caused toxic effects.

4.6. Combined effects of co-existing trace metals

The impacts of trace metals on phytoplankton extend beyond simple
nutrient or toxic effects since the complex interactions between co-
existing trace metals must also be considered. Mn plays an important
role in regulating the antagonistic and synergistic effects of different
trace metals. Mn is also one of the most critical trace metals in photo-
synthesis since it is an integral component of the metalloenzyme cluster
of the oxygen-evolving complex. Hoffmann et al. (2012) found that
volcanic ash characterized by high concentrations of Mn, Co, and Fe and
low Cu concentrations promoted and suppressed the growth rates of
Thalassiosira pseudonana and Emiliania huxleyi, respectively. The
observed differences in toxicity could be attributed to the high Mn
concentrations and species-specific uptake mechanisms. In the case of
Thalassiosira pseudonoma, the high concentrations of Mn competed with
Cd, Cu, and Zn for the uptake systems, thereby preventing the uptake of
co-existing metals and alleviating their toxic effects. However, Mn did
not prevent the uptake of co-existing toxic metals by Emiliania huxleyi
since its metal uptake mechanisms for Cd, Co, and Zn differed from those
observed in Thalassiosira pseudonoma. Significant increases in the Fv/Fm
and chl-a concentrations of the natural phytoplankton population were
observed after basaltic or rhyolitic volcanic ash was added to samples
from the Southern Ocean during bottle incubation experiments. This
was attributed to the greater bioavailability of Fe2+ and the release of
co-limiting Mn upon adding volcanic ash (Browning et al., 2014). Tan
et al. (2019) demonstrated the combined effects of Fe limitation and
trace metal toxicity on the phytoplankton community in the Western
North Pacific Ocean through bottle incubation experiments and meta-
transcriptomic analyses. The addition of East Asian PM (0.2 mg L− 1
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representing a high-flux dust event of 0.1 to 0.5 mg L− 1 deposition) rich
in macronutrients and trace metals (Fe, Mn, and Zn) induced Fe limi-
tation and decreased the cellular abundances of Crocosphaera, Pro-
chlorococcus, Synechococcus, and Trichodesmium. The elevated levels of
transcripts involved in Fe metabolism, such as tonB, feoB, irr, and exbB,
supported Fe limitation. The expression of resistance genes, such as
czcD, czcB, and czcA (a probable Co/Zn/Cd efflux protein), and a range
of genes functioning against oxidative stress indicated trace metal
toxicity. Results from the dust incubation experiments (1.1 mg L− 1 of
Saharan dust representing a realistic dust deposition of 8 g m− 2) carried
out in the oligotrophic Mediterranean Sea led Ridame et al. (2011) to
hypothesize that trace elements such as Cd, Co, Mn, Mo, Ni, and Zn in
Saharan dust alleviated nutrient limitations on diazotrophic activity by
stimulating nitrogen fixation.

Interestingly, some co-existing trace metals have shown the ability to
alleviate the toxicity of Cu in phytoplankton. For example, in bottle
incubation experiments conducted in the East China Sea, Wang et al.
(2017) added 0.45 mg L− 1 of PM to simulate PM concentrations
observed during extreme or frequent dust events in the region (17 to
276 mg m− 3), and found that increased concentrations of soluble Fe and
Cu led to the increased concentrations of chl-a. Similarly, the results of
bioassay experiments carried out in the East China Sea by the same
research group revealed that soluble Fe and Cu in PM (1.5 mg L− 1 based
on a stronger atmospheric deposition estimated byMackey et al. (2017))
increased the relative abundance of Skeletonema costatum (Li et al.,
2021). Some mechanisms have been proposed for the observed
increased chl-a levels. Firstly, the complex formation between Cu and
organic compounds that were deposited along with elevated fluxes of
soluble Fe could have reduced the toxicity of Cu by lowering the con-
centration of free Cu2+. Secondly, the combined effect of Fe and Cu on
chl-a concentration could be influenced by phytoplankton community
uptake and metabolism mechanisms, which could vary in other oceanic
regions with different phytoplankton community structures. One way of
determining the utilization of metals by phytoplankton is by calculating
the drawdown of metals in the open ocean. In bottle incubation exper-
iments conducted by Mackey et al. (2012a) in the Sargasso Sea, the
addition of high concentrations of PM simulating levels after a moder-
ately strong deposition event typical of the central North Atlantic (20 g
m− 2 yr− 1) led to the release of trace metals such as Co, Mn, and Ni. Based
on the subsequent depletion of these trace metals in the system, the
authors concluded that these trace metals were collectively utilized by
Synechococcus for their growth.

Some studies have investigated the impacts that atmospherically
deposited metals have on phytoplankton in lakes. Since high-elevation
lakes are often oligotrophic, a slight variation in nutrient availability
can greatly impact their productivity. Moser et al. (2010) discovered a
shift in diatom assemblages at Marshall Lakes in the Uinta Mountains,
USA caused by atmospheric metal pollution (Cu, Pb, Cd, and Zn).
Diatom alterations in the early 1900s were defined by the near extinc-
tion of Cyclotella pseudostelligera and Cyclotella stelligera, as well as an
increase in benthic, metal-tolerant diatoms, Achnanthes species. Littoral
organisms with superior plasticity, tolerance to metals, and the ability to
form biofilms were responsible for the shift in abundance from plank-
tonic to benthic species in contaminated areas. Moreover, diatom spe-
cies have adapted quickly to environmental changes due to their unique
ecological tolerances and short life spans (Cotiyane-Pondo and Born-
man, 2021).

4.7. Impact of N-containing compounds

N is the most essential nutrient for phytoplankton. Phytoplankton
use a wide range of N-containing compounds, including NO3

− , NO2
− ,

NH4
+, N2, and organic N. Phytoplankton have developed efficient ways

of acquiring these compounds through diffusion and active transport
processes. Dissolved N bioavailable to phytoplankton in aquatic waters
comprises of both inorganic and organic N. Biogeochemical processes (e.

g., mineralization, nitrification, and denitrification) transform these N-
containing compounds from one form to another (Jani and Toor, 2018).
For example, NO3

− is the oxidized N species that is reduced to NO2
− by the

enzyme nitrate reductase. NO2
− is reduced to NH4

+ by the enzyme nitrite
reductase. The concentrations of NO3

− , NO2
− , and NH4

+ in marine eco-
systems typically range from 1 to 500 μM, 0.1 to 50 μM, and 1 to 50 μM,
respectively (Tovar et al., 2002).

Studies on the impacts of atmospherically deposited N-containing
compounds on phytoplankton are summarized in Table 5. Micro-
phytoplankton (e.g., diatoms) prefer NO3

− , while picophytoplankton (e.
g., cyanobacteria, dinoflagellate) prefer NH4

+ instead (Glibert et al.,
2016). Picophytoplankton, characterized by its small size (<2 μm), high
surface area to volume ratio, high metabolic rate, and efficient nutrient
internalization, is typically competitive in adapting to N-limiting envi-
ronments. The form of the N deposited into N-limited waters can disrupt
the stability of phytoplankton communities by shifting the size-
fractionation proportion towards large cells. Such alterations in the
phytoplankton size structures affect the physiology and competitiveness
of phytoplankton for nutrient acquisition and biomass expansion (Guieu
et al., 2014). Diatoms are the species that benefit the most from N
deposition in oceans. Bottle incubation experiments conducted in the
oligotrophic western Pacific Ocean showed that the addition of PM
containing high NO3

− concentrations enhanced diatom growth, as
evident from the increase in chl-a levels and the relatively higher
abundances of chloroplast sequences of diatoms (Maki et al., 2016).
Among the diatom species, Chaetoceros showed the most significant
growth when 0.25 mg L− 1 of PM was added to simulate a heavy dust
event, while Pseudo-nitzschia sp. thrived when 0.05 mg L− 1 of PM was
added to simulate a light dust event. In the oligotrophic Northwestern
Pacific Ocean, N-laden dust promoted the growth of micro-
phytoplankton and nanophytoplankton rather than picophytoplankton
due to the presence of NO3

− in the dust (Wang et al., 2019). The effects on
the growth of phytoplankton differed among the dominant genera.
Enhanced growths were observed in Pseudo-nitzschia and Chaetoceros
because of their larger cell sizes. In contrast, Prorocentrum growth was
inhibited, and the growths of Thalassiosira, Heterocapsa, and Scrippsiella
were not significantly impacted. Zhou et al. (2021b) reported that N
deposition fluxes from rainwater in the Eastern Indian Ocean (0.75 to
1.43 mg m− 2 mon− 1) were significantly higher than the pre-2000 levels
(0.25 mg m− 2 mon− 1) reported by Okin et al. (2011). This rainwater
contained substantial concentrations of NO3

− and negligible NH4
+, which

enhanced chl-a biomass and accelerated the transition in phytoplankton
dominance from picophytoplankton (cyanobacteria) to micro-
phytoplankton (diatom). The faster growth and dominance of micro-
phytoplankton resulted from their higher Fv/Fm and ability to uptake
excess nutrients.

Some phytoplankton taxa prefer NH4
+ uptake as it involves less en-

ergetic investment compared to NO3
− uptake. However, NH4

+ uptake may
inhibit NO3

− uptake for some phytoplankton taxa such as diatoms. Sed-
wick et al. (2018) reported that the addition of 100 mL rainwater to
incubation bottles containing oligotrophic waters from the Mid-Atlantic
Bight to simulate an intense rain event did not result in any significant
drawdown in NO3

− and NO2
− . However, there was a significant draw-

down in NH4
+ that accompanied the chl-a increase and biomass accu-

mulation. In the South China Sea, rainwater (at 5 and 10 % v/v)
containing NH4

+ and NO3
− altered the dominance of the phytoplankton

community, shifting from picophytoplankton (cyanobacteria) to
microphytoplankton (diatoms) (Cui et al., 2016). Notably, diatoms such
as Asterionellopsis sp., Chaetoceros sp., Navicula sp., Pseudo-nitzschia sp.,
and Skeletonema sp. became the dominant species. Despite the rainwater
having a high NH4

+ concentration, which is favorable for cyanobacteria
growth, a larger proportion of diatoms that prefer NO3

− increased
instead. The increase in diatom proportion was attributed to nutrient
competition among the phytoplankton for other compounds present in
the rainwater, thus inhibiting cyanobacteria growth. In bottle incuba-
tion experiments conducted in the N-limited Bay of Bengal (N:P = 2.21
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to 9.13), Yadav et al. (2016) demonstrated a linear relationship between
the concentrations of inorganic N added and increased phytoplankton
biomass. The addition of PM with high concentrations of NO3

− and NH4
+

increased the N:P ratio of surface seawater and enhanced diatom growth
and biomass, as evidenced by an increase in the diatommarker pigment,
fucoxanthin. These high concentrations of NO3

− and NH4
+ in the PM were

attributed to the elevated dry depositional flux of inorganic N, ranging
from 106± 31 to 1049± 302 μmol m− 2 d− 1 during the sampling period.
This flux was an order of magnitude higher than the computed value of 2
to 83 μmol m− 2 d− 1 for offshore waters previously reported by Srinivas
et al. (2011) for the same study region.

Under co-limitation conditions, N enrichment with P or a trace metal
can relieve nutrient limitation conditions. For example, the co-
enrichment of N and Fe from atmospheric dust promoted phyto-
plankton growth in the N-limiting Arabian Sea. The higher concentra-
tion of NH4

+ compared to NO3
− in the dust induced the growth of

mixotrophic dinoflagellate Gymnodinium (Sharma et al., 2022). Ridame
et al. (2014) examined the response of phytoplankton to different
Saharan dust events (wet and dry deposition) in the northwestern
oligotrophic Mediterranean Sea. The amount of dust added (41.5 g) in
the incubation experiments represented a high and environmentally
realistic atmospheric dust deposition of 10 g m− 2 (Guieu et al., 2010).

Dry deposition did not significantly impact primary production and chl-
a levels, as it was deemed a minor source of NO3

− . In contrast, wet
deposition containing a significant source of dissolved inorganic P and
NO3

− induced rapid, strong, and long increases in primary production
and chl-a levels. However, the higher NO3

− levels relative to dissolved
inorganic phosphate (DIP) in dust led to a substantial increase in the
NO3

− /DIP ratio, suggesting a switch from an initial N-limited or NP co-
limited condition to a severe P-limited condition. In the Northwest Pa-
cific Ocean, Zhang et al. (2022) found that both N and P, rather than N
alone, were responsible for promoting the growth of phytoplankton and
shifting their size structure towards larger cells. The substantial supply
of N relative to P promoted the initiation of dissolved organic phosphate
(DOP) utilization in seawater, thereby strengthening the consumption of
bioavailable P. In this study, the concentrations of dissolved inorganic N
used (577 to 1007μmolg− 1) were comparable to the levels (90 to
1264μmolg− 1) found in PM deposited during a strong dust event in the
Yellow Sea (Shi et al., 2012). The same authors found that in the sub-
tropical gyre of the Northwest Pacific Ocean, a combination of N–P or
N + P + Fe from the dust was responsible for phytoplankton growth,
with large-sized phytoplankton dominating the phytoplankton com-
munity (Zhang et al., 2018). The authors added 2 mg L− 1 of dust to
simulate deposition due to a strong dust event (20 g m− 2) based on the

Table 5
Effects of atmospherically deposited N-containing compounds on phytoplankton.

Source Type of
experiment

Phytoplankton
species/community

Measured Indicator Major Findings Reference

Snow cover at Murododaira
on Mt. Tateyama

Bottle
incubation

Natural
phytoplankton
assemblages

Chl-a, microscopic
identification, and gene
sequencing

Higher NO3
− concentrations promoted diatom growth,

especially Chaetoceros and Pseudo-nitzschia species
Maki et al.
(2016)

Laboratory building.
Visakhapatnam, India

Bottle
incubation

Natural
phytoplankton
assemblages

Chl-a, diadinoxanthin,
fucoxanthin, and zeaxanthin

High concentrations of NO3
− and NH4

+ enhanced diatom
growth and biomass

Yadav et al.
(2016)

Mu Us Sandland, China Bottle
incubation

Natural
phytoplankton
assemblages

Chl-a, Fv/Fm, species
composition, and microscopic
identification

Growth was promoted in Pseudo-nitzschia and
Chaetoceros, inhibited in Prorocentrum, and no influence
on Thalassiosira, Heterocapsa and Scrippsiella

Wang et al.
(2019)

Qingdao, China Bottle
incubation

Natural
phytoplankton
assemblages

Chl-a Low and medium doses (0.03–0.6 mg L− 1) stimulated
growth and altered phytoplankton size structure
towards nano- and micro-sized cells

Zhang et al.
(2019a)

Eastern Indian Ocean Bottle
incubation

Natural
phytoplankton
assemblages

Chl-a, microscopic
identification, and cell density

NO3
− shifted the regime from picophytoplankton

cyanobacteria to microphytoplankton diatom
Zhou et al.
(2021b)

Old Dominion University,
Norfolk, Virginia, USA

Bottle
incubation

Natural
phytoplankton
assemblages

Chl-a, and primary prodcutivity No significant drawdown in NO3
− , and NO2

− but a
significant drawdown of NH4

+ that supported chl-a
increase and biomass accumulation

Sedwick
et al. (2018)

South China Sea Bottle
incubation

Natural
phytoplankton
assemblages

Chl-a, and microscopic
identification

Shift from picophytoplankton to microphytoplankton
and diatoms was the predominant species

Cui et al.
(2016)

Qingdao, China Bottle
incubation

Natural
phytoplankton
assemblages

Chl-a Large amount of dust promoted phytoplankton biomass,
in contrast to lower amount of dust

Liu et al.
(2013)

Saharan soil, southern
Tunisia

Bottle
incubation

Natural
phytoplankton
assemblages

Chl-a, and primary production Dry and wet deposition events
induced contrasting phytoplankton community
response due to the difference in bioavailable nutrients

Ridame
et al. (2014)

Dust Bottle
incubation

Natural
phytoplankton
assemblages

Chl-a, other phytoplankton
pigments, primary production,
and microscopic observation

Effects of single addition and repetitive addition of N-
containing dust were similar

Lagaria
et al. (2017)

Mu Us Desert, China Bottle
incubation

Natural
phytoplankton
assemblages

Chl-a, relative abundance, and
specific growth rate

Excess supply of N relative to P altered N:P ratio of
varying trophic seawaters

Zhang et al.
(2019b)

Mt. Tateyama, Japan Bottle
incubation

Natural
phytoplankton
assemblages

Chl-a, and growth rate NO3
− containing dust promoted phytoplankton growth

in oligotrophic waters in contrast to nutrient-rich
seawater

Maki et al.
(2021)

CSIR-National Institute of
Oceanography, Goa, India

Bottle
incubation

Natural
phytoplankton
assemblages

Growth rate, chl-a, and other
phytoplankton pigments

Co-enrichment of N and Fe promoted phytoplankton
growth

Sharma
et al. (2022)

Gobi Desert, Mu Us Desert,
and Tengger Desert

Bottle
incubation

Natural
phytoplankton
assemblages

Chl-a Both N and P rather than N alone was responsible for
promoting the growth and shifting phytoplankton size
structure towards larger cells

Zhang et al.
(2022)

Lake shore at the Tahoe City
Field Station, Tahoe City,
California, USA

Bottle
incubation

Natural
phytoplankton
assemblages

Chl-a, and cell count High NH4
+ and low P content promoted the growth of

picophytoplankton and filamentous cyanobacteria that
increased primary productivity of Lake Tahoe during
the Wheeler and Angora Fires

Mackey
et al. (2013)
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annual deposition flux of Asian dust (10 to 80 g m− 2 yr− 1) in the
Northwest Pacific Ocean regions (Liu et al., 2013). The enhanced solu-
bility of P from dust or the mineralization of DOP in the seawater
contributed to the source of P. During a ten-day study, Lagaria et al.
(2017) found similar effects for a single addition of 4 g of Saharan dust
compared to repetitive additions (1, 2, and 1 g on days 0, 1, and 2,
respectively) to the ultra-oligotrophic waters of the Eastern Mediterra-
nean Sea. The total amount of 4 g of dust represented a realistic atmo-
spheric dust deposition event in the east Mediterranean Sea. The release
of dissolved inorganic N and P was responsible for increased chl-a and
primary production in both cases. The response of phytoplankton to
both dust events evolved through two distinct phases. The initial phase
(i.e., 1 to 2 days) after dust addition was marked by an elevated
orthophosphate concentration that increased picophytoplankton chl-
normalized production rates, whereas the second phase (i.e., 3 to 4
days after dust addition) was marked by elevated N concentrations that
increased chl-normalized production rates associated with larger cells
(>5 μm).

The Redfield ratio of 106C:16N:1P is the basis for the N:P ratio,
which is widely used to determine whether phytoplankton growth in
surface waters is N-limited or P-limited. However, the varying trophic
states of oceans have made the shift patterns of phytoplankton com-
munity structure complex. To illustrate this, Zhang et al. (2019b) con-
ducted bottle incubation experiments with varying concentrations of
dust (0.2, 1, and 2 mg L− 1) using seawater sampled from the East China
Sea (eutrophic region), the subtropical gyre (low-nutrient and low-
chlorophyll (LNLC) region), and the Kuroshio-Oyashio transition re-
gion (HNLC region) of the Northwest Pacific Ocean. The deposition of N-
containing dust to the LNLC (N:P = 3), HNLC (N:P = 14:1), and eutro-
phic (N:P= 52:1) regions were able to relieve, supplement, and enhance
the N demand of phytoplankton, respectively. Despite the differences in
the trophic states among these three regions, N from the dust was
assimilated by phytoplankton and stimulated their growth. The amount
of dust added (0.2, 1, and 2 mg L− 1) was based on dust deposition fluxes
of 2 g m− 2 (mild dust events), 10 g m− 2 (medium dust events), and 20 g
m− 2 (strong dust events) for the Northwest Pacific Ocean (Iwamoto
et al., 2011). The addition of 1 and 2 mg L− 1 of N-containing dust
enhanced the chl-a levels and shifted the phytoplankton size structures
from picophytoplankton to microphytoplankton (diatoms) in both the
HNLC and LNLC regions. These regions exhibited N:P ratios close to the
Redfield ratio, allowing diatoms to dominate due to their higher nutrient
demands and uptake thresholds compared to smaller cells. The domi-
nance of diatoms can have positive ecological effects as they are rela-
tively efficient in exporting carbon from surface waters to deep oceans.
In contrast, in the eutrophic region, increasing concentrations of N-
containing dust (1 and 2 mg L− 1) shifted the phytoplankton size struc-
tures from picophytoplankton to nanophytoplankton (dinoflagellates).
The eutrophic region, characterized by high N:P ratios (52:1), was not
conducive to diatom growth. Instead, dinoflagellates thrived due to their
adaptations to nutrient-limiting environments as a result of their mix-
otrophic and vertical migration characteristics and higher P uptake ef-
ficiency (Zhang et al., 2019b). In the long term, a shift towards a
dinoflagellate-dominated community raises serious concerns about the
potential for an increase in toxic dinoflagellate species. Similarly, the
nutrient status of the western Pacific Ocean is known to switch
frequently between oligotrophic and nutrient-rich conditions. Maki
et al. (2021) conducted bottle incubation experiments in the oligotro-
phic and nutrient-rich waters of the western Pacific Ocean during which
dust concentrations of 0.05 and 0.25 mg L− 1 were added to simulate a
light and heavy dust event in that region, respectively (Uematsu et al.,
1985). In oligotrophic waters, NO3

− released from the dust increased the
chl-a levels and the abundance of diatoms, especially for the Pseudo-
nitzschia and Chaetoceros species. In contrast, nutrient-rich seawater
incubations with the added dust showed little increase in the chl-a
concentrations, with similar levels to the control/untreated samples.

Depending on the loads of PM deposited, N deposition has the

potential to relieve, alter, or intensify N limitation in oceans. For
example, bottle incubation experiments conducted in the southern
Yellow Sea showed that the addition of 20 mg L− 1 of dust (N: 0.22 μM, P:
5.0 nM Fe: 245.3 nM) significantly increased the chl-a levels and
phytoplankton biomass, which were not apparent at a low dust loading
of 2 mg L− 1 (N: 0.022 μM, P: 0.5 nM Fe: 24.5 nM). The amount of dust
added was based on the observational results of the Yellow Sea in 2007
by Shi et al. (2012). The addition of large amounts of dust contributed to
the increase in growth through the synergistic effects of N and Fe or the
interactions of macronutrients and trace metals (Liu et al., 2013). Zhang
et al. (2019a) conducted bottle incubation experiments in the N-limited
Northwest Pacific Ocean using haze PM containing dissolved inorganic
N (NO3

− , NO2
− , and NH4

+) at low and medium doses (0.03 to 0.6 mg L− 1).
Low doses (<0.1 mg L− 1) simulated a typical PM deposition of≤1 g m− 2

into the upper 10 m layer of the water column, while medium doses (0.1
to 0.6 mg L− 1) simulated a strong deposition of 1 to 6 g m− 2 into the
upper 10 m layer of the water column. Both low and medium doses of
haze PM promoted the growth of phytoplankton and shifted phyto-
plankton size structure towards nano- and micro-sized cells. Bottle in-
cubation experiments conducted in the East China Sea revealed that PM
containing affluent N slightly increased chl-a concentrations under
initial N-replete conditions (N:P ~ 50) and a high N:P ratio in PM
(>300), thus suggesting the limited impacts of atmospherically depos-
ited N on phytoplankton growth when P was in short supply (Ma et al.,
2021). PMwith a lower NH4

+:NO3
− ratio increased the cell number of two

diatom species (Nitzschia closterium and Nitzschia longissima), while a
higher NH4

+:NO3
− ratio favored the growth of dinoflagellates, with Pro-

rocentrum becoming the most abundant taxa. However, parallel bio-
incubation experiments with high concentrations of external N and P
revealed increased chl-a concentration, thus suggesting alleviation of P-
limitation on phytoplankton growth (Ma et al., 2021). Similar bio-
incubation experiments conducted in the East China Sea showed that
the addition of 1.5 mg L− 1 of PM (based on atmospheric deposition
values estimated byMackey et al. (2017)) with 0.375 μMPO4

3− increased
the chl-a concentrations by 2 times compared to the addition of PM
alone (1.5 mg L− 1), thus indicating that affluent N could have been
consumed if affluent P was provided from another source (Li et al.,
2021).

The effects of atmospheric N deposition on phytoplankton in lakes
have received considerably less attention. Even though N-limitation is
the natural state of most unproductive lakes, their states can be altered
by the levels of atmospheric N deposition. Increased growth of phyto-
plankton in N-limited lakes has been attributed to elevated inputs of N.
Bergström and Jansson (2006) reported that N deposition (100 to 1450
kg km− 2 yr− 1) to various lakes in the northern hemisphere (Europe and
North America) resulted in eutrophication and increased phytoplankton
biomass (chl-a). An important implication of elevated N-deposition is
that it increases N concentrations in surface waters and may shift lakes
from N-limited to P-limited or aggravate P-limitation. This was observed
in unproductive Swedish lakes where elevated inputs of atmospheric N
(100 to 1800 kg km− 2 yr− 1) switched them from N-limited regimes to P-
deficient regimes (Bergström et al., 2005). Similarly, atmospheric
deposition of N to lakes in Norway, Sweden, and Colorado, USA altered
the N:P stoichiometry and shifted nutrient limitation patterns, wherein
phytoplankton growth was N-limited under low N deposition conditions
and P-limited under high N deposition conditions (Elser et al., 2009a). In
some regions, the levels of deposited N that the lakes receive are related
to the regional patterns of phytoplankton nutrient restriction. It was
found that phytoplankton in unproductive Swedish lakes in the boreal
region were N-limited due to the low levels of atmospheric N deposition.
This was in contrast to the unproductive lakes in southern Sweden,
which were N-rich due to the high levels of atmospheric N deposition
(Bergström et al., 2008). In northern Lake Taihu, China, high atmo-
spheric N deposition (157 to 333 kg km− 2 mon− 1) during the seasons of
favorable algal growth (summer and autumn) has been hypothesized to
foster cyanobacterial blooms (Zhai et al., 2009). From 1969 to 1975,
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inorganic N enrichment (0.90 kg ha− 1 yr− 1) in the ultra-oligotrophic
Hoh Lake, USA enhanced the relative abundances of sediment diatom
assemblages, specifically Fragilaria tenera and Asterionella formosa
(Sheibley et al., 2014). These diatom species indicated N enrichment
and were used to determine the threshold level of N deposition.

Bottle incubation studies conducted in Lake Tahoe, USA using PM
with high NH4

+ and low P content and natural phytoplankton assem-
blages showed that the growths of picophytoplankton and filamentous
cyanobacteria were favored, whereas the growths of larger nano-
phytoplankton only became more competitive when more P was avail-
able (Mackey et al., 2013). Nevertheless, picophytoplankton contributed
to primary productivity without largely increasing chl-a or biomass. The
results of these incubation experiments suggested that picophyto-
plankton and possibly other phytoplankton were responsible for the
increased primary productivity of Lake Tahoe during the Wheeler and
Angora Fires. A deposition rate of ~140mgm− 2 d− 1 was used to
calculate the amount of PM to be added to the water. Short-term bio
incubation experiments conducted by Elser et al. (2009b) showed that
elevated inputs of atmospheric N (>6 kg ha− 1 yr− 1 based on levels of 6 to
8 kg ha− 1 annual deposition of inorganic N) to N-limited alpine lakes in
the Rocky Mountains of Colorado, USA increased the concentrations of
NO3

− and N:P ratios, which in turn increased phytoplankton biomass, as
evident from the increased chl-a and seston C concentrations (Elser
et al., 2009b). The high deposition of N in lakes has several ecological
implications. First, high N deposition reduces phytoplankton diversity
by favoring phytoplankton taxa with a strong competitive ability to
uptake and sequestrate P and sustain growth with low cellular P quotas.
Second, it affects the food chain, as P-limited phytoplankton are a poor
source of food for primary consumers, such as zooplankton.

4.8. Impact of P-containing compounds

P-containing compounds undergo transformations during long-range
transport. These transformation processes, which are influenced by PM
acidity, aging, cloud processing, and chemical speciation, will ulti-
mately lead to the supply of bioavailable P upon deposition (Diao et al.,

2023). Acid processing of mineral dust is the primary mechanism for
converting insoluble P to soluble P (Baker et al., 2021; Nenes et al.,
2011). Not all forms of P deposited from the atmosphere are solubilized
and/or can be assimilated by phytoplankton. DIP, which includes or-
thophosphates (e.g., H2PO4

− , HPO4
2− , PO4

3− ) and condensed-phase inor-
ganic P (meta-, pyro-, and polyphosphates), is the most bioavailable
form of P preferred by phytoplankton for their growth (Myriokefalitakis
et al., 2016). The concentrations of DIP are typically low in aquatic
environments, and they limit phytoplankton growth. In DIP-limited
waters, phytoplankton such as Emiliania huxleyi, Synechococcus sp.,
Thalassiosira sp., and Trichodesmium sp. can use more replete DOP (e.g.,
phosphate esters) by synthesizing the enzyme alkaline phosphatase,
which catalyzes the hydrolysis of DOP into DIP (Ivančić et al., 2010;
Liang et al., 2022). In various marine environments, some studies have
reported that alkaline phosphatase activity is induced at varying con-
centration thresholds of DIP. These included<10 nM in the Sargasso Sea
(Lomas et al., 2010), 20 nM in the subtropical Pacific (Suzumura et al.,
2012), ~30 nM in the eastern subtropical Atlantic (Mahaffey et al.,
2014), and 0.1 μM in the northwest African upwelling region (Sebastián
et al., 2004).

Studies on the impacts of atmospherically deposited P-containing
compounds on phytoplankton are summarized in Table 6. We focused
mainly on the impacts of P-containing compounds in PM. P is a limiting
nutrient for biological production in oligotrophic waters with low
nutrient levels (N:P < 16). Some studies reported that P supplied
through atmospheric depositions is negligible compared to N inputs,
thus aggravating P-limitation (Chu et al., 2018; Farahat and Abuelga-
sim, 2019; Zhang et al., 2019b). Chien et al. (2016) conducted incuba-
tion experiments in the western tropical Atlantic Ocean, adding P-laden
dust at concentrations of 0.06 mg L− 1 (based on a dust deposition flux of
10 g m− 2 yr− 1) and 1 mg L− 1 (based on a dust deposition flux of 150 g
m− 2 yr− 1) to P-deficient waters. Their results showed that the addition of
0.06 mg L− 1 dust did not significantly stimulate the growth of Syn-
echococcus, picoeukaryotes, or Prochlorococcus. Meanwhile, the addition
of 1 mg L− 1 dust increased chl-a slightly, thus indicating that high levels
of atmospheric deposition would not alleviate P limitation and promote

Table 6
Effects of atmospherically deposited P-containing compounds on phytoplankton.

Source Type of
experiment

Phytoplankton
species/community

Measured Indicator Major Findings Reference

Saharan soil Bottle
incubation

Diazotrophs Nitrogen fixation, and
chl-a

DIP from Saharan dust relieved P-limitation
of nitrogen fixation

Ridame et al.
(2011)

Red Sea (Eilat, Israel), the Sargasso Sea
(Tudor Hill, Bermuda), and Monterey
Bay (Elkhorn Slough, California)

Bottle
incubation

Natural
phytoplankton
community

Chl-a Accumulation of DIP in the surface ocean
depends on the nutritional needs of
phytoplankton

Mackey et al.
(2012b)

Ragged Point on the easternmost coast of
Barbados

Bottle
incubation

Synechococcus, and
picoeukaryotes

Chl-a, and cell
concentration

Prochlorococcus thrived in environment
with high N and Fe deposition relative to P
as it required low P for its growth

Chien et al.
(2016)

Prochlorococcus Cell abundance
Dust from Laoshan campus of Ocean
University of China, Qingdao, and
rainwater during the cruise in the South
China Sea

Bottle
incubation

Natural
phytoplankton
community

Chl-a, and
phytoplankton
community
identification

Trace metals in the dust accelerated the
transformation and assimilation of DOP,
which increased phytoplankton growth

Chu et al.
(2018)

Hunshandake Sandy Land, China Bottle
incubation

Natural
phytoplankton
community

Phytoplankton
abundance

P containing dust induced variable effects
on different sizes of phytoplankton

Chen et al.
(2019)

Western United States (Arizona, California,
Idaho, New Mexico, and Texas)

Laboratory
incubation

Scenedesmus
obliquus

Growth rate, and P cell
quota

Phytoplankton acclimatized to higher
temperatures and low pH conditions by P-
supplied by dust

González-
Olalla et al.
(2024)

Laoshan campus of Ocean University of
China

Bottle
incubation

Dinoflagellates Chl-a, and alkaline
phosphatase activity

PM addition alleviated P limitation by
promoting the utilization of DOP

Wang et al.
(2022)

Sierra Nevada, Spain Field study Natural
phytoplankton
community

Chl-a A direct correlation between P deposition
and chl-a suggested P fertilization in the
two alpine lakes

Morales-
Baquero et al.
(2006)

Sierra Nevada
Mountains, Spain

Field study Natural
phytoplankton
community

Growth, and species
diversity

Pulsed inputs of P and bacterial abundance
altered phytoplankton community
structure, reducing species diversity

Pulido-Villena
et al. (2008)

Southwest, West-Central, and
Northwestern regions of Wind River
Range, Wyoming, USA

Field study Natural
phytoplankton
community

Diatom abundance Regional variation in P deposition altered
the diatom composition

Brahney et al.
(2014)
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phytoplankton growth in the western tropical Atlantic Ocean. Martino
et al. (2014) reported that phytoplankton in the highly P-deficient
Western Pacific compensated for P deficiency in PM by consuming some
of the residual excess P (i.e., excess P with respect to N compared to the
N:P ratio), thereby increasing primary productivity along with N and Fe.
Phytoplankton have developed various adaptation mechanisms to cope
with P-limited conditions. In the P-limited waters of the Yellow Sea and
East China Sea, PM characterized by a high N:P ratio enhanced the
growth of dinoflagellates due to their high tolerance to low P concen-
trations as well as their potential to utilize DOP as a P source by upre-
gulating the synthesis and activity of alkaline phosphatase (Wang et al.,
2022). Furthermore, the increased P bioavailability resulting from DOP
conversion supported the growth of nanophytoplankton and picophy-
toplankton. In bottle incubation experiments conducted in the N/P co-
limited South China Sea, dust addition (1.09 mg L− 1 representing the
middle of the annual dust deposition range) increased phytoplankton
growth, as indicated by the elevated chl-a levels. This growth was likely
due to the release of trace metals from the dust, which could have
enhanced the transformation and assimilation of DOP by phytoplankton
(Chu et al., 2018). Trace metals, particularly Fe and Zn, play vital roles
in the P cycle as the enzyme alkaline phosphatase uses either Fe or Zn as
a co-factor to increase its activity and facilitate the conversion of DOP to
DIP in P-limited waters (Mahaffey et al., 2014). In oligotrophic oceans
where Zn, Fe, and P are co-limited, DOP production by alkaline phos-
phatase can be restricted by Zn and Fe availability. Higher alkaline
phosphatase activity has been associated with higher Zn and Fe demands
(Shaked et al., 2006; Yong et al., 2014). However, the exact mechanism
by which Zn and Fe modulate the enzymatic activity of alkaline phos-
phatase in P-limited waters remains unknown. Nevertheless, the
external deposition of these trace metals can promote alkaline phos-
phate activity and increase the bioavailability of DOP to phytoplankton.

The biological demand of phytoplankton regulates the accumulation
of dissolved P in the surface ocean. Mackey et al. (2012b) conducted
bottle incubation experiments using P-containing dust at concentrations
of 5, 25, and 50 μg total suspended particulate L− 1 in the Red Sea and
167 μg total suspended particulate L− 1 in the Sargasso Sea. These con-
centrations were based on the annual average deposition rate for the
Sargasso Sea, the equatorial North Atlantic, or a high deposition event
equivalent to 10 times the annual average deposition rate for the Sar-
gasso Sea. The concentrations in the Red Sea incubation studies were
based on a high deposition event 10 times higher than the annual
average deposition rate. The addition of dust to the P-limited Red Sea
increased DIP concentrations, which were assimilated by phyto-
plankton, as indicated by a significant increase in the chl-a levels. In
contrast, in the Sargasso Sea where phytoplankton are not P-limited, DIP
concentrations exceeded the growth requirements of phytoplankton,
resulting in DIP accumulation due to the biological mineralization of
DOP to DIP (Mackey et al., 2012b). Similarly, in bottle incubation ex-
periments conducted in the P-limited Yellow Sea, Chen et al. (2019)
reported that the addition of sand-dust (2 and 20 mg L− 1, based on
observational data from Shi et al. (2012)) or inorganic P-containing
compounds (sodium dihydrogen phosphate) led to an increased abun-
dance of large-sized (10 to 20 μm) phytoplankton during the early stages
of incubation due to the abundance of P. This increase was more pro-
nounced with the addition of 20 mg L− 1 dust because of the continuous P
supply. However, this growth tapered off in the later stages as the
nutritional needs of phytoplankton were met. Ridame et al. (2011) re-
ported that the addition of 1.1 mg L− 1 of Saharan dust, representing a
realistic dust deposition of 8 g m− 2, was a significant source of DIP in the
Mediterranean Sea, relieving the P-limitation of nitrogen fixation. In
laboratory experiments conducted by González-Olalla et al. (2024),
increasing concentrations of P-laden dust (0, 10, 25, and 75 mg L− 1)
corresponding to an extreme dust deposition event were incubated with
freshwater phytoplankton Scenedesmus obliquus at different pHs (6.3,
6.8, and 7.3) and temperatures (19, 23, and 27 ◦C). A higher growth rate
was observed at a dust concentration of 75mg L− 1, 27 ◦C, and pH 6.3 due

to the increased P cell content. In the same study, the authors corrob-
orated the role of P-containing dust in altering the pH and thermal
tolerance range of Scenedesmus obliquus. They found that P-containing
dust enhanced pH and thermal tolerance in Scenedesmus obliquus. The
optimal temperature for Scenedesmus obliquus growth increased from
22.94 ◦C without dust addition to 24.66 ◦C after 75mg dust L− 1 was
added at pH 6.3. This indicated that the dust supplied the necessary
nutrients for phytoplankton to cope with thermal stress. Likewise, the
negative effect of low pH (6.3) on phytoplankton growth under no dust
addition became positive under 75mg L− 1 dust addition and high tem-
perature due to the positive effect of warming and nutrient availability
on phytoplankton growth. Interactions between nutrients, temperature,
and pH influence the competitive ability of different phytoplankton
species.

Excess atmospheric N deposition is widely assumed to cause P-lim-
itation of phytoplankton growth in lakes (Elser et al., 2009a; Goldman,
1988). However, in the Pyrenean lakes in Spain and the Sierra Nevada
lakes in the USA, atmospheric P deposition is outpacing the N deposi-
tion, leading to scenarios of N-limiting phytoplankton growth (Camar-
ero and Catalan, 2012; Vicars et al., 2010). Vicars et al. (2010) estimated
a dry depositional flux of total P ranging between 7 and 118 μg m− 2 d− 1

to the Sierra Nevada lakes. Due to their extreme oligotrophic conditions,
alpine lakes are susceptible to atmospheric deposition, with P deposition
being the primary nutrient driving phytoplankton growth. Morales-
Baquero et al. (2006) reported significant correlations between P
deposition (dry and wet deposition ranging from 0.1 to 3.1 μmol m− 2

d− 1 and 0 to 2.4 μmol m− 2 d− 1, respectively) by Saharan dust and chl-a
levels in two alpine lakes (La Caldera and Río Seco) in Sierra Nevada,
Spain, thus confirming the fertilizing efficiency of Saharan dust. Pulsed
inputs of dust containing soluble P (dry and wet deposition ranging from
<0.06 to 1.9 and 0 to 1 μmol m− 2 d− 1, respectively) to a La Caldera
alpine lake in the Sierra Nevada, USA increased the biomass of the
chrysophyte Chromulina nevadensis, causing a decline in the phyto-
plankton species diversity (Pulido-Villena et al., 2008). This response of
Chromulina nevadensis to P inputs was attributed to the coupled dynamic
between bacteria abundance and P inputs. Chromulina nevadensis could
have benefited from the co-existing bacterioplankton, which success-
fully competed for pulsed P inputs and increased their abundance.
Mixotrophic phytoplankton benefited from increased bacteria abun-
dance to access P directly from the bacteria through phagotrophic
ingestion, thus increasing the Chromulina nevadensis biomass. Brahney
et al. (2014) observed distinct phytoplankton species (diatom) compo-
sition patterns influenced by regional variations in P deposition in the
alpine and subalpine lakes within the Wind River Range, Wyoming,
USA. The southwestern region, when experiencing higher atmospheric
dust P deposition fluxes (276 μg m− 2 d− 1), exhibited a unique diatom
species assemblage with higher concentrations of Asterionella formosa,
Pseudostaurosira pseudoconstruens, and Pseudostaurosira brevistriata.
Notably, Asterionella formosa had the highest cell number. In contrast,
lakes in the other regions were dominated by other diatom species,
namely, Discostella stelligera and Stauroseira construens venter.

4.9. Impact of S-containing compounds

The effects of S-containing compounds on phytoplankton have been
less explored than the fore-discussed atmospheric species. Among the
various S-containing compounds, SO4

2− has been given the most atten-
tion. Satellite imaging showed an increase in chl-a following the erup-
tion of the Miyake-Jima Volcano in Japan, which indicated that SO4

2−

deposition increased phytoplankton abundance in the nutrient-deficient
zone south of the Kuroshio (Uematsu et al., 2004). In the study con-
ducted by Kumari et al. (2022), the addition of PM containing SO4

2− and
NO3

− to surface seawater collected from the Bay of Bengal led to a
decrease in pH, which increased primary production, thus indicating
that acidification of seawater promoted phytoplankton production.
However, additional experiments conducted to understand the
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individual impacts of pH and nutrients revealed that a decrease in pH
accounted for a 22 % increase in primary production, whereas NO3

−

contributed to a 78 % increase in primary production. The increased
primary production significantly increased photosynthetic pigments
such as fucoxanthin and chl-b. Even though some field studies reported
high concentrations of SO4

2− in the deposited PM, the individual effects
of SO4

2− on phytoplankton were not discussed (Li et al., 2021; Tan et al.,
2019).

There is some evidence that reductions in SO4
2− deposition due to

decreased SO2 emissions could alter the abundance of phytoplankton
species. For example, Sutherland et al. (2015) hypothesized that a
decrease in SO4

2− deposition in Brooktrout Lake, USA between 1980 and
2000 caused the water column pH to increase above 5.5 and enrich acid-
sensitive phytoplankton species. In addition, atmospheric SO4

2− deposi-
tion in Pockwock Lake, Canada decreased by 68 % from 1999 to 2015,
thus increasing pH by 0.1 to 0.4 units. This chemical recovery of the lake
from acidification favored the growth of geosmin-producing cyano-
bacterial species (Anabaena) that thrive in pH conditions between 6 and
9 (Anderson et al., 2017).

5. Conclusion and future directions

This review highlights the impacts of different compounds
commonly found in atmospheric PM on phytoplankton. There have been
several studies on the effects of the deposition of N-containing com-
pounds, P-containing compounds, Fe, and Cu, but comparatively fewer
studies on the impacts of other trace metals (e.g., Al, Zn) and S-con-
taining compounds. Based on our observations, bottle incubation studies
using natural phytoplankton assemblages were the preferred choice for
assessing the impacts of N-containing and P-containing compounds.
Both bottle and laboratory incubations were used to assess the impacts
of trace metals. Marine ecosystems (oceans and seas) received greater
attention than freshwater ecosystems (lakes). Bio-incubation experi-
ments suggested that the deposition of atmospheric PM to surface waters
would exert different effects on phytoplankton, which include positive
effects by N, P, and Fe and negative (or toxic) effects by other trace
metals (Cu, Al, and Zn). The relative composition of deposited atmo-
spheric chemical species enhanced the growth of some phytoplankton
species over others. Multiple endpoints, such as morphological changes,
membrane potential, and enzymatic responses beyond growth responses
(chl-a determination), were typically considered when assessing the
impacts of trace metals on phytoplankton.

There are several knowledge gaps on the impacts of atmospheric PM
deposition on phytoplankton that should be considered and addressed in
future studies.

1. More studies should be done to assess the impacts of other trace
metals and S-containing compounds.

2. Most nutrient release studies from dust and PM have mainly focused
on soluble inorganic nutrients and typically do not consider their
organic forms. Studies assessing the impacts of organic forms of N, P,
and S on phytoplankton are limited. Future studies should compare
the impacts of soluble inorganic versus soluble organic forms of N-
containing compounds, P-containing compounds, and S-containing
compounds on phytoplankton growth and community structure
across aquatic ecosystems. Additionally, while there have been some
studies on how polyaromatic hydrocarbons impact phytoplankton
(Campos et al., 2012; Sheesley et al., 2005; Silva et al., 2015),
research on other organic species in PM is scarce. Understanding the
effects of organic compounds on phytoplankton is crucial, as
phytoplankton searches for alternative sources of nutrients (mostly
organic) when inorganic nutrients are depleted. Given that organic
compounds comprise a large mass fraction of PM inmany parts of the
world (Zhang et al., 2007), future investigations must prioritize
assessing the effects of atmospherically deposited ubiquitous organic
compounds in PM on phytoplankton.

3. Organic species in PM can also transform via different aging mech-
anisms during atmospheric transport before deposition into aquatic
systems. Moreover, after their deposition, these organic compounds
can transform during their reactions with photochemically produced
oxidants such as singlet oxygen (1O2) and excited states of chromo-
phoric organic matter (3CDOM*) present at the water surface. More
research is required on the transformations and fates of atmospheric
organic species before and after their deposition into aquatic eco-
systems to better assess the actual exposure of phytoplankton to
these organic species and their transformation products.

4. Marine ecosystems have been given more attention than freshwater
ecosystems. Since phytoplankton species differ between marine and
freshwater ecosystems, bottle incubation studies are needed to assess
the impact of atmospheric chemical species on the freshwater natural
phytoplankton community.

5. Climate change will likely alter environmental conditions (e.g.,
ocean acidification, warming, deoxygenation), affecting phyto-
plankton differently (Xin et al., 2022, 2019). However, only a few
studies have considered these abiotic factors during their impact
assessments. Future studies should consider these abiotic stressors
when evaluating the impacts of atmospheric chemical species on
phytoplankton.

6. In addition to implementing emission control strategies to reduce
atmospheric deposition, modern innovative technologies such as the
nitrifying-enriched activated sludge approach could be utilized for
nutrient removal in eutrophic environments (Sepehri et al., 2020;
Sepehri and Sarrafzadeh, 2019, 2018). Additionally, future research
should aim to develop similar types of technologies to remove other
contaminants deposited from the atmosphere.

7. Microplastics in the air and the leachates or contaminants that come
off their surfaces could set off pathways that could endanger
phytoplankton. While studies related to atmospheric microplastics
are still emerging, direct toxicological investigations into the impacts
of microplastics on phytoplankton suggest potential negative effects.
Although there has been some evidence of the deposition of airborne
microplastics in countries such as China (Cai et al., 2017; Liu et al.,
2019), Germany (Klein and Fischer, 2019), France (Dris et al., 2016),
and nonurban remote regions (mountain catchments in the French
Pyrenees) (Allen et al., 2019), investigations into their ecological risk
are currently lacking. Thus, more research is required to determine
the effects of the atmospheric deposition of microplastics on
phytoplankton.

8. Extensive in-depth bio-incubation assays with multiple endpoints
beyond growth assessment (chl-a measurements) are needed to
assess the acute and chronic effects of atmospherically deposited
species.

9. Much of our current knowledge of the mechanisms by which atmo-
spheric PM induces toxic effects comes from conventional,
hypothesis-driven methods concentrating on well-established
endpoint assays. However, it is challenging to identify molecular
targets and novel pathways that underlie the toxicological response
to intricate environmental exposures utilizing this approach. Thus, in
addition to these conventional, hypothesis-driven methods, “omics
technologies” such as proteomics and genomics could help
strengthen the basis for the toxicological findings.
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contribution of combustion-related emissions to the atmospheric phosphorus budget.
Nat. Geosci. 8, 48–54. https://doi.org/10.1038/ngeo2324.

Wang, F.J., Chen, Y., Guo, Z.G., Gao, H.W., Mackey, K.R., Yao, X.H., Zhuang, G.S.,
Paytan, A., 2017. Combined effects of iron and copper from atmospheric dry
deposition on ocean productivity. Geophys. Res. Lett. 44, 2546–2555. https://doi.
org/10.1002/2016GL072349.

Wang, W., Yu, J., Cui, Y., He, J., Xue, P., Cao, W., Ying, H., Gao, W., Yan, Y., Hu, B.,
Xin, J., Wang, L., Liu, Z., Sun, Y., Ji, D., Wang, Y., 2018. Characteristics of fine
particulate matter and its sources in an industrialized coastal city, Ningbo, Yangtze
River Delta. China. Atmos. Res. 203, 105–117. https://doi.org/10.1016/j.
atmosres.2017.11.033.

Wang, W., Zhang, H., Chen, H., Zhuang, Y., Huang, Y., Liu, G., 2019. Effects of Asian dust
input on eukaryotic phytoplankton community structure in the open areas in the
northwestern Pacific Ocean. Mar. Biol. Res. 15, 49–60. https://doi.org/10.1080/
17451000.2019.1588981.

Wang, Yonghong, Gao, W., Wang, S., Song, T., Gong, Z., Ji, D., Wang, L., Liu, Z., Tang, G.,
Huo, Y., Tian, S., Li, J., Li, M., Yang, Y., Chu, B., Petäjä, T., Kerminen, V.M., He, H.,
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